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Tropical plant-animal interactions: linking defaunation with seed predation, and resource-
dependent co-occurrence 
 
Chairperson:  Jedediah F. Brodie 
 
 Plant-consumer interactions can be critical for regulating populations of both plants 
and animals. In the tropics, many trees rely on animals to disperse their seeds, but many 
of these dispersers are disappearing, with potentially disastrous consequences for tropical 
tree species and global carbon storage. Defaunation—the loss of large animals due to 
factors such as overhunting—can also affect seed fates, either by increasing or decreasing 
seed predation. We know that defaunation alters these plant-animal interactions, but we 
still do not know how these changes at early life stages will ultimately affect tropical tree 
populations. Furthermore, we do not understand how defaunation will affect overall seed 
survival because we do not know the extent to which other seed enemies will compensate 
when large seed predators are removed. 
 Besides the effects of animals on plants, plants provide food resources that influence 
the ecology of consumers. In tropical Southeast Asia, dipterocarp mast fruiting results in 
highly variable fruit and seed resources over time, and logging alters the abundance and 
distribution of resources in different areas. These changes in resources may affect the 
behavior and co-occurrence of consumers, but it is unclear how other species will 
respond given the presence of key mast consumers. To study this, we would want to 
measure species’ responses to each other at fine spatiotemporal scales, but co-occurrence 
studies usually consider spatial or temporal co-occurrence separately. 
 In Chapter One of this dissertation, I review the literature on how defaunation affects 
tropical trees. Then I explore how defaunation may ultimately affect population dynamics 
by applying defaunation effects to matrix population models of tropical tree species. In 
Chapter Two, I use experimental treatments in a tropical forest in Borneo to test for 
functional redundancy among four key groups of seed predators—large mammals, small 
rodents, insects, and fungi—in terms of their impacts on seed mortality and germination. 
Finally, in Chapter Three, I develop a novel method of analyzing co-occurrence in space 
and time concurrently, which I use to assess how associations among frugivore-granivore 
vertebrate species differ according to resource conditions. For this analysis, I use camera 
trap and fruit abundance data from a tropical forest in Malaysian Borneo.
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CHAPTER 1: DEFAUNATION-INDUCED CHANGES IN SEED PREDATION MAY 
AFFECT TROPICAL TREE POPULATIONS MORE STRONGLY THAN REDUCED SEED 
DISPERSAL  
 
Peter Jeffrey Williams1*, Jedediah F. Brodie1,2 
 
1Division of Biological Sciences, University of Montana, 32 Campus Drive, Missoula MT 
59812, USA 
2Wildlife Biology Program, University of Montana, 32 Campus Drive, Missoula MT 59812, 
USA. Orcid ID: 0000-0002-8298-9021 




Overhunting is extirpating large animals across tropical forests, potentially affecting tree 
populations and global carbon cycling. Trees reliant on large-bodied seed dispersers are thought 
to be particularly negatively affected. But besides dispersal, defaunation can also increase or 
decrease seed predation. It is still unclear how these defaunation effects will interact with 
demography to ultimately affect tree populations. We review the literature on how defaunation 
affects plants at different life stages and show that the effects of defaunation on seed predation 
are stronger and more variable than the impacts on seed dispersal.  In contrast to previous 
hypotheses, we found that change in seed predation was not predicted by seed size. We then 
synthesize this information by parameterizing matrix population models to assess how 
defaunation-caused changes in seed predation, changes in seed survival due to altered seed 
dispersal, and changes in seedling survival due to altered dispersal affect the population growth 
rates of different tropical and sub-tropical tree species. Averaged across tree species, defaunation 
tended to have negligible impacts on tree population growth rates. But when defaunation 
increased seed predation, tree population growth rates were reduced significantly, and far more 
than when defaunation reduced seed dispersal. While nearly all studies on the cascading impacts 
of defaunation on trees have assessed seed dispersal, changes in seed predation have much 
greater potential to alter tree population dynamics. Ascertaining how seed predation varies across 
tree species and hunting scenarios could greatly enhance our understanding of changing species 







Large vertebrates are being extirpated across the tropics due to unsustainable hunting and habitat 
fragmentation, which affects the myriad tree species that interact with these animals (Kurten 
2013, Dirzo et al. 2014). Such defaunation can affect plants in several ways. Without large 
vertebrates to disperse seeds, more seeds are left under parent trees where, as predicted by the 
Janzen-Connell hypothesis, they face increased distance- or density-dependent mortality, 
especially at the seedling stage (Terborgh 2013, Comita et al. 2014, Song et al. 2020). Reduced 
dispersal may then cause population declines (Brodie et al. 2009, Culot et al. 2017, Rogers et al. 
2017). Because many trees dispersed by large vertebrates are themselves large or have dense 
wood, defaunation may even induce shifts in tree species composition that reduce the 
aboveground biomass of tropical forests, with implications for the global carbon cycle (Brodie 
and Gibbs 2009, Bello et al. 2015, Peres et al. 2016, Osuri et al. 2016). Hunting-induced loss of 
vertebrates could also lead to compensatory increases in populations of small granivores, 
increasing seed mortality (Galetti et al. 2015, Rosin and Poulsen 2016). However, many of the 
hunted vertebrates are potent seed predators themselves, so removing these animals could benefit 
regeneration in certain plant species (Roldán and Simonetti 2001, Donatti et al. 2009). Though 
we know that defaunation alters both seed dispersal and seed predation, potentially in a variety of 
ways, it remains unclear how these changes ultimately affect tropical tree populations and 
communities. 
 Previous studies on how defaunation affects trees (particularly those focusing on forest 
carbon impacts) have focused almost exclusively on reduced seed dispersal. These studies often 
simulate community composition in defaunated forests by ‘removing’ tree species that are large 
vertebrate-dispersed (Peres et al. 2016, Chanthorn et al. 2019) or that have large seeds (Bello et 
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al. 2015, Osuri et al. 2016), and show that this can result in substantial reductions in 
aboveground biomass (i.e., carbon storage). The empirical evidence on carbon dynamics in 
defaunated forests, however, is less clear. Populations of a tree species that significantly 
contributed to carbon stocks were indeed declining in defaunated forests in the Brazilian Atlantic 
Forest (Culot et al. 2017), but hunting-induced dispersal limitation appeared to have no impact 
on cumulative aboveground biomass at a site in Malaysian Borneo (Harrison et al. 2013). 
 Though we know that tree species reliant on large-bodied dispersers will face reduced 
seed dispersal, we do not know how defaunation will change seed predation. Granivory could 
increase (Galetti et al. 2015, Rosin and Poulsen 2016, Culot et al. 2017) or decrease (Wright et 
al. 2000, Roldán and Simonetti 2001, Beckman and Muller-Landau 2007) for different tree 
species under defaunation. Mendoza and Dirzo (2007) hypothesized that smaller seeds, whose 
small-bodied predators would likely remain extant even in highly defaunated systems, would 
face higher predation pressure than larger seeds, whose predators would be eliminated by 
overhunting. Therefore, under defaunation, seed predation is thought to increase for smaller-
seeded species and decrease for larger-seeded species, though we do not yet have evidence to 
support this hypothesis (Kurten 2013). 
 Given the multiple effects of defaunation, and differences in life histories among tree 
species, it is difficult to predict how defaunation will ultimately affect forest composition and 
biomass. Here we synthesize data on defaunation and tropical tree demography to assess how 
defaunation-caused changes in seed predation and dispersal may affect tropical tree populations. 
We collect data on defaunation effects from meta-analyses and a literature search and apply these 
effects to tropical tree population matrix models to determine how population growth rates may 
be affected by defaunation. We examine the effects of altered seed predation, altered dispersal 
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and its effect on seed survival, and altered dispersal and its effect on seedling survival. Using our 
collected data on altered seed predation, we also test whether seed mass predicted defaunation-
caused change in seed predation. 
 Ideally, we would like to have predictive models that are realistic, precise, and 
generalizable, though in general ecological models can only have two of these three properties 
(Levins 1966). Much of our knowledge of how defaunation affects forests comes from detailed 
population models of individual species (e.g., Brodie et al. 2009, Rogers et al. 2017), which are 
realistic and precise but not generalizable across whole forests. There are also forest-wide 
models based on broad assumptions (e.g., Bello et al. 2015, Peres et al. 2016, Osuri et al. 2016, 
Chanthorn et al. 2019), which produce precise and generalizable predictions but lack biological 
realism by ignoring certain defaunation effects, such as altered seed predation, and gloss over 
demographic differences among tree species. We still lack models that are realistic (based on 
known biological mechanisms) and generalizable (applicable to multiple species). Such models 
would be less precise (e.g., not allowing us to calculate changes in carbon storage across forests) 
but would provide an understanding of how the impacts of defaunation may ultimately affect 
population dynamics. Changes at early life stages often have negligible effects on the population 
dynamics of long-lived plant species (Howe and Miriti 2004), so it is important determine 
exactly how defaunation effects at early life stages will ultimately affect populations.  
 
Methods 
Review of defaunation impacts on trees 
We searched the literature to assess how defaunation affected changes in seed predation and 
dispersal. For seed predation, we conducted a literature search to compile the change in seed 
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predation rate after defaunation (p). We looked through the studies used in Kurten’s (2013) 
defaunation meta-analysis, selecting studies that included ‘diaspores predated’, ‘seed predation’, 
‘seeds destroyed’, or ‘seeds predated’ as the response variable. We removed studies with ‘seed 
removal’ as the response variable, as many of these studies used seed removal as a measure of 
seed dispersal. We also removed studies where seed predation in either the defaunated or non-
defaunated scenario was 0%. We also looked through the studies used in Gardner et al.’s (2019) 
defaunation meta-analysis and found one study that measured seed predation. To supplement 
these meta-analyses, we searched the ISI Web of Science database using the terms ‘seed 
predation’ and ‘defaunation’ for studies published in 2012 or later (i.e., after Kurten’s meta-
analysis). We selected studies that measured seed predation rates in both defaunated and non-
defaunated conditions. Exclusion experiments were included, where seeds within large-animal 
exclosures were considered ‘defaunated’. For all of these studies, we extracted the defaunated 
and non-defaunated seed predation rates and calculated the change in seed predation (defaunated 
rate divided by non-defaunated rate, p). Where results were presented graphically, we extracted 
values using WebPlotDigitizer (Rohatgi 2019). In total, we found 56 defaunated/non-defaunated 
seed predation values from 23 studies (Supplementary Material, Table S1). 
 For dispersal, we compiled the proportion of seeds dispersed before and after defaunation 
(d and d', respectively), taken from Kurten’s (2013) meta-analysis. We also compiled the 
difference in survival between dispersed and undispersed seeds (a) and the difference in survival 
between dispersed and undispersed seedlings (b), using values from Comita et al.’s (2014) meta-
analysis. All these values are taken from field studies of tropical tree species.  
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 The full lists of values for p, d, d', a, and b, as well as the references for the original 
studies from which these values were calculated, are all listed in Supplementary Material Tables 
S1-S4. 
 To test whether change in seed predation (p) was affected by seed mass, as predicted by 
Mendoza and Dirzo (2007), we compiled seed mass data for all the species for which we had 
values of p (Supplementary Material, Table S1). When available, we extracted seed mass data 
from the same studies that reported change in seed predation. Otherwise, we used seed mass data 
from the TRY database (Kattge et al. 2011). We ran a linear regression to test whether change in 
seed predation was predicted by log seed mass, study design, or the interaction between log seed 
mass and study design. ‘Study design’ here refers to whether the study compared different 
defaunated and non-defaunated sites (observed), or whether the study used exclosure 
experiments at a single site (manipulated). 
 
Tropical tree population models 
To assess how defaunation-induced changes in seed dispersal and predation rates might affect 
tree populations, we first obtained  tropical tree population matrix projection models from the 
COMPADRE Plant Matrix Database (Salguero-Gómez et al. 2015). We obtained population 
matrices for 47 tropical tree species in 19 families (Supplementary Material, Table S5). 
Population matrices were included in the analysis if they (1) were classified as a ‘tree’ or ‘palm’, 
(2) were from tropical or subtropical regions, (3) did not include clonal reproduction, (4) 
included life stages that could be categorized as ‘seedling’, ‘juvenile’, and ‘adult’ stage classes, 
(5) included transitions between major stages, (6) included populations in ‘unmanipulated’ or 
‘unmanaged’ habitat treatments (i.e., not harvested or experimentally manipulated), (7) were 
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native species, and (8) were from study sites that were not already defaunated. To determine 
whether study sites were defaunated, we searched the literature and categorized sites as 
‘defaunated’, ‘non-defaunated’, or, in cases when we could not assess the status of fauna at the 
site, ‘unclear’ (Supplementary Material, Table S6). We compared analyses when only ‘non-
defaunated’ sites were included and when both ‘non-defaunated’ and ‘unclear’ sites were 
included and found no difference in the qualitative results of our study (Supplementary Material, 
Table S7). Therefore, we report here the results from analysis that included both ‘non-
defaunated’ and ‘unclear’ sites to increase sample size. 
 For species with multiple population studies that fit these criteria, we selected the study 
that included the most populations. For studies with more than one demographic transition 
matrix for a given species (53% of species), we averaged matrix elements across populations to 
create a composite matrix representative of that species. We also conducted a separate analysis 
where we randomly selected a single matrix to represent each species; this sensitivity analysis 
showed that averaging matrix elements across populations did not affect the inference of our 
study (Supplementary Material, Table S7). 
 We reduced the sizes of each matrix to 4 × 4 with the following stages: seed, seedling, 
juvenile, and adult. If a matrix had multiple sub-classes within a single stage (e.g. multiple 
‘adult’ size classes), we combined stage classes such that the new composite matrix had the same 
stable stage distribution and the same asymptotic growth rate as the original matrix (Yearsley 
and Fletcher 2002). We followed the definitions of ‘seedling’ used in each study, i.e., either 
plants with a diameter at breast height <1 cm or individuals under a certain height (the exact 
threshold varied across species). ‘Juvenile’ encompassed non-reproductive stages between 
seedling and adult. If matrices lacked a seed stage (i.e., the fecundity element in the matrix was 
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the number of seedlings produced), we used seed survival values from the original published 
studies to add a seed stage. For species that lacked seed survival data, we created a seed stage 
using the average seed survival value among cycads or non-cycads. We divided our data in this 
way because cycads had significantly higher seed survival than other major lineages (i.e., 
eudicots and monocots), but seed survival did not differ significantly between these other clades 
(Supplementary Material, Fig. S1). Based on a sensitivity analysis, the use of averaged seed 
survival values did not affect the inference of our study (Supplementary Material, Table S7). No 
regression transitions, such as juveniles becoming seedlings, were allowed. 
 We assigned dispersal mode (abiotic versus animal-dispersed) to each species based on 
species- or genus-level data in the TRY database (Kattge et al. 2011) or, if such data were 
missing, based on searching the literature. We defined tree species as ‘large vertebrate dispersed’ 
if the list of their vertebrate dispersers did not include any small-bodied rodents (families 
Muridae, Sciuridae, Heteromyidae, Cricetidae, or Echimyidae) or non-corvid passerine birds. 
Lists of dispersers were obtained from the TRY database if possible and from the literature if not 
(information sources for all species is presented in the Supplementary Material, Table S5). 
 
Applying defaunation effects to population matrices 
To explore how changes in seed predation could affect populations, we first calculated the 
baseline λ (λbaseline) for each tree species based on the original population matrices. Then for a 
given tree species, we calculated baseline seed mortality from the original population matrix and 
multiplied this seed mortality value by p (change in seed predation). We then used the 
defaunation seed mortality value to calculate defaunation seed survival (Supplementary Material, 
Equation S1). If increasing seed predation pushed seed mortality past 1, we set seed survival to 
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0. We altered the original population matrix using the new seed survival value, and calculated 
defaunated λ (λdefaun). We repeated these steps for all combinations of tree species and values of 
p. Then for each species, we took the geometric mean of λdefaun and calculated the difference in λ 
by subtracting λbaseline from λdefaun. 
 To explore how changes in dispersal could affect populations, we considered both how 
dispersal affects seed survival and how dispersal affects seedling survival. We only included 
species that were exclusively dispersed by large vertebrates in the following analyses 
(Supplementary Material, Table S5). For effects on seed survival, we first divided seeds into 
dispersed versus undispersed stages (Supplementary Material, Fig. S2). For a given species, we 
used the original seed survival rate and a (the difference in survival between dispersed and 
undispersed seeds) to calculate new survival rates for dispersed and undispersed seeds 
(Supplementary Material, Equations S2-S3). We then used d (probability of dispersal, baseline) 
to split fecundity between dispersed and undispersed seeds (Supplementary Material, Equations 
S4-S5). Splitting seeds into dispersed and undispersed stages preserved the average seed survival 
rate but slightly altered λ in some cases, so after creating the new stages we calculated λbaseline. To 
simulate the effects of defaunation, we used d' to alter the proportion of seeds ending up in the 
dispersed stage. Then we calculated λdefaun. We repeated these steps for all combinations of tree 
species, values of a, and values of d and d'. Then for each species, we took the geometric mean 
of λbaseline and λdefaun and calculated the difference in λ by subtracting λbaseline from λdefaun. 
 For effects of dispersal on seedling survival, we divided both seeds and seedlings into 
dispersed versus undispersed stages (Supplementary Material, Fig. S2). We used the original 
seed survival values for both new seed stages. For the seedling stages, we used the original seed 
survival rate for a given species and b (the difference in survival between dispersed and 
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undispersed seeds) to calculate new survival rates for dispersed and undispersed seedlings 
(Supplementary Material, Equations S6-S7). Then we used d to split fecundity between dispersed 
and undispersed seeds (Supplementary Material, Equations S4-S5). Splitting seedlings into 
dispersed and undispersed stages preserved the average seedling survival rate but slightly altered 
λ in some cases, so after creating the new stages we calculated λbaseline. To simulate the effects of 
defaunation, we used d' to alter the proportion of seeds ending up in the dispersed stage. Then we 
calculated λdefaun. We repeated these steps for all combinations of tree species, values of b, and 
values of d and d'. Then for each species, we took the geometric mean of λbaseline and λdefaun and 
calculated the difference in λ by subtracting λbaseline from λdefaun. 
 
Results 
Across all studies and species, the median ratio of seed predation with versus without 
defaunation was 0.93, though there was considerable variation (interquartile range = 0.52-1.23, 
Fig. 1A). Change in seed dispersal probability due to defaunation tended to be less than one 
(median = 0.37, interquartile range = 0.27-0.58, Fig. 1B), meaning that defaunation tended to 
reduce seed dispersal, though there were examples of dispersal probability increasing following 
defaunation. 
 Change in seed predation was not predicted by seed mass (P = 0.683) or by study design 
(observed vs. manipulated, P = 0.182), and the relationship between change in seed predation 
and seed mass did not differ depending on whether the study was observational or based on 
experimental manipulation (P = 0.163; Fig. 2). However, change in seed predation was much 
more variable in observational studies (geometric SD = 2.38) than in manipulated studies 
(geometric SD =1.29; Fig. 2). 
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On average, defaunation effects had very little impact on tree λ (Fig. 3). The median 
difference in λ was close to zero for seed predation effects (-0.001) and dispersal effects via 
seeds (-0.002; Fig. 3). Dispersal effects via seedlings consistently decreased λ, but only 
negligibly (median = -0.007; Fig. 3). Seed predation effects were much more variable across 
species (SD = 0.045) than either dispersal effects via seeds (SD = 0.002) or dispersal effects via 
seedlings (SD = 0.004), with changes in seed predation increasing λ in some species and 
decreasing it in others (Fig. 3). In cases where defaunation effects had clear negative effects on λ 
(i.e., under scenarios with increased seed predation, decreased dispersal, and/or decreased 
survival for undispersed seeds or seedlings), median seed predation effects decreased λ by 0.027, 
much lower than dispersal effects via seeds (-0.012) or seedlings (-0.012; Fig. 4). Increased seed 
predation caused λdefaun to fall below one for 51% of species where λbaseline was greater than one, 
while reduced dispersal (with effects on seeds or seedlings) only caused λdefaun to fall below one 
for 10% of species (Table 1).  
 
Discussion 
Overhunting can alter many plant-animal interactions, with consequences ranging from altered 
dynamics of tropical tree populations (Brodie et al. 2009, Culot et al. 2017) to potential declines 
in forest carbon storage (Bello et al. 2015, Peres et al. 2016, Chanthorn et al. 2019). But we still 
have a limited understanding of how effects of defaunation on early plant life stages ultimately 
affect populations of different species. Our results suggest that while defaunation may not 
significantly affect population dynamics on average, altered seed predation does have the 
potential to affect lambda, much more than seed dispersal effects do. This is despite the fact that, 
as Comita et al. (2014) demonstrated in their meta-analysis of Janzen-Connell effects, 
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undispersed seedlings have lower survival rates than dispersed seedlings (median difference in 
survival = 0.76, interquartile range = 0.30-0.95, Fig. 1D). Previous studies have assumed that 
dispersal limitation was the most important impact of defaunation on trees (Terborgh 2013), 
leading to predictions that defaunation-induced losses of seed dispersal could reduce carbon 
storage across broad swaths of the tropics (Brodie and Gibbs 2009, Bello et al. 2015, Dantas de 
Paula et al. 2018, Chanthorn et al. 2019). However, given the very small effects of dispersal 
limitation that we observed, overhunting may not necessarily cause the predicted widespread 
replacement of heavy-wooded, large vertebrate-dispersed species by lighter-wooded species with 
other means of dispersal. Whether defaunation will result in major losses of forest carbon 
therefore remains unclear. This is consistent with empirical observations that not all defaunated 
forests exhibit declines in biomass (Harrison et al. 2013, Bagchi et al. 2018).  
 Given the variation in seed predation effects and the responses of tree species to altered 
seed predation, our results suggest that defaunation-induced changes in seed predation could 
strongly influence tree population dynamics, with increased seed predation severely reducing 
abundance, but empirical evidence for how defaunation affects seed predation remains limited. 
Granivory could increase or decrease under defaunation and, even in the same forest, species can 
differ widely in how seed predation rates change in response to defaunation (Guariguata et al. 
2000, Rosin and Poulsen 2016). For example, in a study from Costa Rica, seed predation was 
higher in the defaunated site compared to the non-defaunated site for Lecythis ampla and Carapa 
nicaraguensis, but seed predation was lower for Minquartia guianensis and Virola koschnyi, and 
seed predation did not differ between the two sites for Otoba novogranatensis and Welfia regia 
(Guariguata et al. 2000). We might expect changes in seed predation to vary according to species 
traits, but in contrast to Mendoza and Dirzo’s (2007) hypothesis, we found that seed size did not 
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predict predation pressure. Defensive traits such as chemical compounds or seed hardness likely 
determine how defaunation affects seed predation (Rosin and Poulsen 2016). Different changes 
in seed predation may also reflect differences in the granivore communities across tropical 
forests. Furthermore, non-vertebrate seed enemies such as insects and fungi may compensate for 
reduced seed predation, so reduced vertebrate seed predation may not significantly affect seed 
survival (Williams et al. 2021). Though a variety of reasons exist for why defaunation may affect 
seed predation in different ways, data are not currently available to broadly predict how 
defaunation will change seed predation across species or sites.  
 Besides the effects we looked at in this study, defaunation can also affect later plant life-
stages via changes in herbivory or other physical damage (Rosin et al. 2017, Gardner et al. 
2019). Reduced trampling by large vertebrates can lead to increased seedling survival, but so far 
only a few studies have quantified how defaunation affects plant vital rates via trampling 
(Roldán and Simonetti 2001, Rosin et al. 2017). These studies found that reduced trampling 
decreased damage to artificial seedlings by ~70% and increased survival of real seedlings by 
15% (Roldán and Simonetti 2001, Rosin et al. 2017). Removing large-bodied ecosystem 
engineers such as elephants or wild pigs may impact older plant life stages (Luskin et al. 2017, 
Poulsen et al. 2018), with significant impacts on local plant communities (Luskin et al. 2021). 
For example, Luskin et al. (2017) found that nest building by wild boar (Sus scrofa) in Pasoh, 
Malaysia, caused sapling density to decrease by 62%. These factors are important but difficult to 
consider in a global assessment of defaunation because the distribution of such species and their 
foraging behaviours are highly variable across the world’s tropical forests. 
 Our analyses did not include density dependence. Many tropical trees experience very 
strong conspecific density- or distance-dependence, especially at early life stages (Harms et al. 
15 
 
2000, Comita et al. 2010, Lamanna et al. 2017). We incorporated these effects as differences in 
survival between dispersed and undispersed seeds and seedlings, though ultimately population 
growth in our models was still exponential. Density dependence may affect other vital rates such 
as fecundity and adult survival (Alvarez-Buylla 1994), but conspecific negative density 
dependence is observed most strongly in seedlings (Comita et al. 2014, Zhu et al. 2015). Density 
dependence could potentially interact with other defaunation effects. Increased seed survival due 
to reduced seed predation, for example, could be counteracted by increased density-dependent 
seedling mortality. Because density dependence can keep populations in equilibrium, by not 
incorporating density dependence we may have overestimated how population growth rates 
would differ between defaunated and non-defaunated systems. 
 Given what we know about the effects of defaunation, what can we predict about the 
consequences of defaunation for tropical trees? We know from studies of individual species that 
defaunation can cause significant population declines (Sun et al. 2007, Rogers et al. 2017), but 
our study suggests that on average defaunation may impact population dynamics much less than 
had been thought previously. In particular, dispersal limitation may not cause the widespread 
species turnover that has been predicted to cause massive carbon loss (Bello et al. 2015, Peres et 
al. 2016, Chanthorn et al. 2019). However, increased seed predation could still reduce the 
abundance of some tropical tree species, potentially driving important shifts in community 
composition. An improved understanding of seed predation—how it affects tree populations and 
how it is affected by defaunation—would greatly improve the accuracy of predictions of the 
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Tables and Figures 
 
Table 1: Defaunation impacts on species where λ is reduced below 1. These examples only 
include negative effects of defaunation (increases in seed predation, p > 1; decreases in dispersal 
probability, d'/d < 1; decreased undispersed vs. dispersed seed survival, a < 1; and decreased 
undispersed vs. dispersed seedling survival, b < 1). Dispersal effects only include species 
exclusively dispersed by large vertebrates. 
Defaunation effect 
(negative effects only) 
Total # 
species 
# species with 
λbaseline > 1 
# species with 
λbaseline > 1 & 
λdefaun < 1 
% species with 
λbaseline > 1 where 
λdefaun < 1 
Seed predation effects 47 41 21 51% 
Dispersal effects on seeds 13 10 1 10% 





Figure 1. Histograms and boxplots (above) of defaunation-related parameter values. Values of 1 
represent no change between defaunation and baseline or between undispersed and dispersed. 






Figure 2: Change in seed predation and seed mass. A) Seed mass does not predict the change in 
seed predation due to defaunation (P = 0.683). B) Change in seed predation due to defaunation 
does not differ between experimental manipulations and observational studies (P = 0.182), nor 
does the relationship between seed mass and seed predation differ between these two types of 





Figure 3. Histograms and boxplots (above) of differences in λ caused by defaunation effects. 
Note the different scales for both x- and y-axes. Values of 1 indicate that applying defaunation 
effects resulted in no change in λ. Histograms show the average difference in λ for each species 
after applying (A) changes in seed predation (p, Fig. 1A), (B) changes in dispersal probability 
(d'/d, Fig. 1B) and differences in undispersed vs. dispersed seed survival (a, Fig. 1C), (C) 
changes in dispersal probability (d'/d, Fig. 1B) and differences in undispersed vs. dispersed 





Figure 4.  
Histograms and boxplots (above) of differences in λ caused by negative defaunation effects. 
Note the different scales for both x- and y-axes. Values of 1 indicate that applying defaunation 
effects resulted in no change in λ. Histograms show the average difference in λ for each species 
after applying (A) increases in seed predation (p > 1, Fig. 1A), (B) decreases in dispersal 
probability (d'/d < 1, Fig. 1B) and decreased undispersed vs. dispersed seed survival (a < 1, Fig. 
1C), (C) decreased dispersal probability (d'/d < 1, Fig. 1B) and decreased undispersed vs. 







Effect of seed predation on survival 
For each defaunation population matrix, we calculated the survival of seeds as: 
  (S1) 
where s is the baseline seed survival, s' is the defaunation seed survival, and p is the change in 
seed predation mortality between baseline and defaunation. If following this equation caused s' 
to fall below 0, then s' was set to 0. 
 
Effect of dispersal on seed survival 
For each baseline population matrix, we calculated the values for survival of dispersed and 
undispersed seeds as: 
  (S2) 
where s is total baseline seed survival, sd is the survival of dispersed seeds, su is the survival of 
undispersed seeds, and d is the baseline probability of dispersal. The relationship between sd and 
su is represented by: 
  (S3) 
where a is a value taken from Table S3. If following equations S3 and S4 caused either sd or su to 
exceed 1, then that value was set to 1, and the other seed survival value was recalculated using 
equation S3 only. This ensured that the overall survival rate across both dispersed and 
undispersed seeds matched the original seed survival value while still maintaining a difference 
between dispersed and undispersed survival rates and avoiding impossible survival values. 
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 For each baseline population matrix, we calculated the number of dispersed and 
undispersed seeds per adult as: 
  (S4) 
  (S5) 
where f is total fecundity, d is the probability of seed dispersal in baseline conditions, fd is 
number of dispersed seeds, and fu is number of undispersed seeds. 
 For the defaunation matrix, we altered the proportion of dispersed seeds by replacing d in 
equations S4 and S5 with d', where d' is the probability of seed dispersal under defaunation. 
 
Effect of dispersal on seedling survival 
For each baseline population matrix, we used the original seed survival value for each species at 
the value for both survival of dispersed and undispersed seeds. We calculated the values for 
survival of dispersed and undispersed seedlings as: 
  (S6) 
where l is total seedling survival, ld is the survival of dispersed seedlings, lu is the survival of 
undispersed seedlings, and d is the baseline probability of dispersal. The relationship between ld 
and lu is represented by: 
  (S7) 
where b is a value taken from Table S4. If following equations S6 or S7 caused either ld or lu to 
exceed 1, then that value was set to 1, and the other seedling survival value was recalculated 
using equation S6 only. This ensured that the overall survival rate across both dispersed and 
undispersed seedlings matched the original seedling survival value while still maintaining a 
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difference between dispersed and undispersed survival rates and avoiding impossible survival 
values. 
 For each baseline population matrix, we calculated the number of dispersed and 
undispersed seedlings per adult following equations S4 and S5. For the defaunation matrix, we 
altered the proportion of dispersed seeds by replacing d in equations S4 and S5 with d', where d' 






Table S1: Changes in seed predation due to defaunation. ‘Seed pred.’ is the proportion of seeds that were either specifically predated 
or generally killed, depending on the study. ‘Seed mass ref.’ is the source of the seed mass value provided. Values for the parameter a 
are taken from the column “∆ Seed Pred.”. 



















Aliaga-Rossel & Fragoso 
(2015) 
Astrocaryum gratum Bolivia Observed 0.9825 0.515 0.5242 7345 TRY 
(2) Alves-Costa (2004) Syagrus romanzoffiana Brazil Observed 0.312 0.126 0.4038 1620 (3) 
(4) 
Beckman & Muller-Landau 
(2007) 
Oenocarpus mapora Panama Observed 0.27 0.07 0.2593 1711 
(4) 
(4) 
Beckman & Muller-Landau 
(2007) 
Cordia bicolor Panama Observed 0.55 0.25 0.4545 109 
(4) 
(5) Culot et al. (2017) Cryptocarya mandioccana Brazil Observed 0.4095 0.1715 0.4188 2400 (5) 
(6) DeMattia et al. (2004) Terminalia oblongata Costa Rica Manipulated 0.28 0.122 0.4357 52 TRY 
(6) 
DeMattia et al. (2004) 
Synechanthus 
warscewiczianus 
Costa Rica Manipulated 0.312 0.156 0.5000 272 TRY 
(6) DeMattia et al. (2004) Erythrina costaricensis Costa Rica Manipulated 0.938 0.75 0.7996 540 (3) 
(6) DeMattia et al. (2004) Virola koshnyi Costa Rica Manipulated 1 0.841 0.8410 2000 (4) 
(6) DeMattia et al. (2004) Brosimum costaricanum Costa Rica Manipulated 1 0.936 0.9360 900 TRY 
(6) DeMattia et al. (2004) Clarisia racemosa Costa Rica Manipulated 0.688 0.656 0.9535 2645 TRY 
(6) DeMattia et al. (2004) Cynometra hemitomophylla Costa Rica Manipulated 0.185 0.245 1.3243 4435 TRY 
(7) Donatti et al. (2009) Astrocaryum aculeatissimum Brazil Observed 0.18 0.03 0.1667 17360 (7) 
(8) Fadini et al. (2009) Euterpe edulis Brazil Observed 0.074 0.997 13.4730 540 (3) 
(3) Fleury & Galetti (2004) Euterpe edulis Brazil Observed 0.31 0.15 0.4839 540 (3) 
(3) Fleury & Galetti (2004) Syagrus romanzoffiana Brazil Observed 0.35 0.66 1.8857 1620 (3) 
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(9) Fleury & Galetti (2006) Syagrus romanzoffiana Brazil Observed 0.158 0.48 3.0380 1620 (3) 
(10) Galetti et al. (2015) Euterpe edulis Brazil Observed 0.293 0.41 1.3993 540 (3) 
(11) Galetti et al. (2006) Astrocaryum aculeatissimum Brazil Observed 0.596 0.717 1.2030 17360 (7) 
(12) Granados et al. (2017) Hopea nervosa Malaysia Manipulated 0.798 0.7434 0.9316 650 (12) 
(12) Granados et al. (2017) Shorea leprosula Malaysia Manipulated 0.7876 0.736 0.9345 740 (12) 
(12) Granados et al. (2017) Parashorea tomentella Malaysia Manipulated 0.6268 0.556 0.8870 2950 (12) 
(12) Granados et al. (2017) Dryobalanops lanceolata Malaysia Manipulated 0.7271 0.6667 0.9169 3270 (12) 
(12) Granados et al. (2017) Shorea macrophylla Malaysia Manipulated 0.7212 0.6578 0.9121 13800 (12) 
(13) Guariguata et al. (2000) Pentaclethra macroloba Costa Rica Observed 0.41 0.13 0.3171 6000 (13) 
(13) Guariguata et al. (2000) Carapa nicaraguensis Costa Rica Observed 0.95 0.4 0.4211 20000 (13) 
(13) Guariguata et al. (2000) Lecythis ampla Costa Rica Observed 0.73 0.38 0.5205 6000 (13) 
(13) Guariguata et al. (2000) Minquartia guianensis Costa Rica Observed 0.77 0.91 1.1818 4000 (13) 
(13) Guariguata et al. (2000) Welfia regia Costa Rica Observed 0.31 0.37 1.1935 3000 (13) 
(13) Guariguata et al. (2000) Otoba novogranatensis Costa Rica Observed 0.57 0.78 1.3684 3000 (13) 
(13) Guariguata et al. (2000) Virola koschnyi Costa Rica Observed 0.55 0.91 1.6545 2000 (13) 
(14) Hanson et al. (2006) Dipteryx panamensis Costa Rica Observed 0.103 0.027 0.2621 11218 (4) 
(15) Kurten (2010) Chamaedorea tepelijote Panama Observed 0.525 0.111 0.2114 490 (15) 
(15) Kurten (2010) Astrocaryum standleyanum Panama Observed 0.896 0.854 0.9531 9840 (15) 
(15) Kurten (2010) Attalea butyraceae Panama Observed 0.5 0.813 1.6260 16200 (15) 
(16) Roldán & Simonetti (2001) Astrocaryum murumuru Bolivia Observed 0.43 0.64 1.4884 7400 (4) 
(17) Rosin & Poulsen (2016) Antrocaryon klaineanum Gabon Observed 0.2143 0.1274 0.5945 99 (17) 
(17) Rosin & Poulsen (2016) Aucoumea klaineana Gabon Observed 0.7703 0.8996 1.1679 100 (17) 
(17) Rosin & Poulsen (2016) Dacryodes buettneri Gabon Observed 0.3473 1 2.8794 4600 (17) 
(17) Rosin & Poulsen (2016) Gambeya lacourtiana Gabon Observed 0.575 1 1.7391 2800 (17) 
(17) Rosin & Poulsen (2016) Lophira alata Gabon Observed 0.4026 0.8015 1.9908 1700 (17) 
(17) Rosin & Poulsen (2016) Pentaclethra macrophylla Gabon Observed 0.9131 0.9 0.9857 29400 (17) 
(17) Rosin & Poulsen (2016) Piptadeniastrum africanum Gabon Observed 0.0885 0.1077 1.2169 100 (17) 
(17) Rosin & Poulsen (2016) Pycnanthus angolensis Gabon Observed 0.8004 1 1.2494 1400 (17) 
(18) Sork (1987) Gustavia superba Panama Observed 0.935 0.41 0.4385 5378 (4) 
(19) Terborgh & Wright (1994)  Dipteryx micrantha Peru Manipulated 0.972 0.903 0.9290 4780 TRY 
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(19) Terborgh & Wright (1994) Dipteryx panamensis Panama Manipulated 1 0.944 0.9440 11218 (4) 
(20) Williams et al. (2021) Dimocarpus longan Malaysia Manipulated 1 0.98 0.9800 950 (20) 
(20) Williams et al. (2021) Dryobalanops lanceolata Malaysia Manipulated 0.52 0.48 0.9230 3720 (20) 
(20) Williams et al. (2021) Parashorea malaanonan Malaysia Manipulated 0.39 0.45 1.1538 1850 (20) 
(20) Williams et al. (2021) Shorea leprosula Malaysia Manipulated 0.45 0.43 0.9556 390 (20) 
(20) Williams et al. (2021) Shorea macrophylla Malaysia Manipulated 0.88 0.9 1.0227 11750 (20) 
(21) Wright et al. (2000) Attalea butyraceae Panama Observed 0.967 0.497 0.5140 11101 (4) 
(21) Wright et al. (2000) Astrocaryum standleyanum Panama Observed 0.938 0.817 0.8710 7565 (4) 
(22) Wright & Duber (2001) Attalea butyraceae Panama Observed 0.929 0.832 0.8956 11101 (4) 
(23) 
Zambrano, Coates & Howe 
(2015) 
Poulsenia armata Mexico Observed 0.3 0.233 0.7767 146 (23) 
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Table S2: Changes in dispersal due to defaunation. These data are all taken from Kurten’s 2013 meta-analysis (24). Values for the 
parameter d and d', paired, are taken from the columns “Proportion dispersed pre-defaunation” and “Proportion dispersed post-
defaunation”, respectively. 









Alves-Costa (2004) Brazil Seedlings under parent (Syagrus romanzoffiana) 0.944 0.283 -0.661 
Andresen (2003) Brazil Seed dispersal (Pouteria) 0.4 0.325 -0.075 
Andresen (2003) Brazil Seed dispersal (Pourouma) 0.36 0.19 -0.17 
Asquith et al. (1997) Panama Seed dispersal (Gustavia superba) 0.56 0.24 -0.32 
Asquith et al. (1997) Panama Seed dispersal (Virola surinamensis) 0.54 0.19 -0.35 
Babweteera et al. (2007) Uganda Prob. juveniles under conspecific (Balanites 
wilsoniana) 
0.42 0.11 -0.31 
Brodie et al. (2009) Thailand Prop. fruits under adults (Choerospondias axillaris) 0.806 0.318 -0.488 
Cordeiro and Howe (2003) Tanzania Prop. indiv under adults (Leptonychia usambarensis) 0.427 0.115 -0.312 
Cramer et al. (2007) Brazil Seeds dispersed (Bocageopsis multiflora) 0.05 0.12 0.07 
Cramer et al. (2007) Brazil Seeds dispersed (Duckeodendron cestroides) 0.48 0.16 -0.32 
Guariguata et al. (2002) Costa Rica Seeds dispersed (Dipteryx panamensis) 0.11 0.03 -0.08 
McConkey & Drake (2006) Tonga Seed dispersal 0.342 0.035 -0.307 
Sethi & Howe (2009) India Seedlings under parent (Dysoxylum binectariferum) 0.544070 0.571253 0.027183 
Sethi & Howe (2009) India Seedlings under parent (Polyalthia simiarum) 0.288462 0.291155 0.002693 
Sethi & Howe (2009) India Seedlings under parent (Chisocheton paniculatus) 0.856808 0.213351 -0.643457 
Wang et al. (2007) Cameroon Seed dispersal (Antrocaryon klaineanum) 0.981 0.583 -0.398 
Wright et al. (2000) Panama Prop. seeds dispersed (Astrocaryum standleyanum) 0.93 0.39 -0.54 




Table S3: Difference in survival between dispersal and undispersed seeds. These data are all taken from Comita et al’s 2014 meta-
analysis (24). Values for the parameter a are taken from the column “Change in surv.”. 








Augspurger and Kitajima (1992) Tachigalia versicolor Fabaceae Neotropics distance 0.0512 0.044 1.163636 
Brewer and Webb (2001) Astrocaryum mexicanum Arecaceae Neotropics distance 0.008789 0.0625 0.140625 
Burkey (1994) Brosimum alicastrum Moraceae Neotropics distance 0.428571 0.542857 0.789474 
Chapman and Chapman (1996) Mimusops bagshawei Sapotaceae Africa distance 0.033333 0.120132 0.277473 
Chapman and Chapman (1996) Balanites wilsoniana Zygophyllaceae Africa distance 0.95 1 0.95 
Chapman and Chapman (1996) Parinari excelsa Chrysobalanaceae Africa distance 0.99 0.622222 1.591071 
Chapman and Chapman (1996) Uvariopsis congensis Annonaceae Africa distance 0.75 0.190278 3.941606 
Chapman and Chapman (1996) Monodora myristica Annonaceae Africa distance 1 0.091071 10.98039 
Cintra and Horna (1997) Astrocaryum murumuru Arecaceae Neotropics distance 0.011719 0.040039 0.292683 
Cintra and Horna (1997) Dipteryx micrantha Fabaceae Neotropics distance 0.06543 0.092773 0.705263 
Coates-Estrada and Estrada (1988) Cymbopetalum baillonii Annonaceae Neotropics distance 0 0.230769 0 
Curio et al. (2003) Pygeum vulgare Rosaceae Asia distance 0 0.181818 0 
Curio et al. (2003) Platea excelsa Icacinaceae Asia distance 0 0.25 0 
Curio et al. (2003) Microcos stylocarpa Tiliaceae Asia distance 0 0.166667 0 
Curio et al. (2003) Syzigium spp. Myrtaceae Asia distance 0.1 0.133333 0.75 
Dalling et al. (1998) Miconia argentea Melastomataceae Neotropics distance 0.44 0.45 0.977778 
De Steven and Putz (1984) Dipteryx panamensis Papilionaceae Neotropics distance 0.018692 0.070796 0.264019 
Forget (1992) Gustavia superba Lecythidaceae Neotropics distance 0.215 0.0675 3.185185 
Forget (1993) Dipteryx panamensis Papilionaceae Neotropics distance 0.0375 0.00625 6 
Fricke et al. (2013) Capsicum chacoense Solanaceae Neotropics distance 0.28 0.208571 1.342466 
Gryj and Dominguez (1996) Erythroxylum havanense Erythroxylaceae Neotropics distance 0.140741 0.040741 3.454545 
Hart (1995) Gilbertiodendron 
dewevrei 
Fabaceae Africa distance 0.05037 0.066667 0.755556 
Hart (1995) Julbernardia seretii Fabaceae Africa distance 0.484 0.308571 1.568519 
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Howe (1993) Virola nobilis Myristicaceae Neotropics distance 0.030882 0.151471 0.203883 
Howe et al. (1985) Virola surinamensis Myristicaceae Neotropics distance 0.025 0.15 0.166667 
Itoh et al. (1995) Dryobalanops aromatica Dipterocarpaceae Asia distance 0.9 0.4 2.25 
Itoh et al. (1995) Dryobalanops lanceolata Dipterocarpaceae Asia distance 1 0.3 3.333333 
Lott et al. (1995) Normanbya normanbyi Arecaceae Asia density 0 0.036 0 
Lott et al. (1995) Normanbya normanbyi Arecaceae Asia distance 0.006 0.452 0.013274 
Nichols et al. (1999) Milicia excelsa Moraceae Africa distance 0.1 0.16 0.625 
Norghauer et al. (2006) Swietenia macrophylla Meliaceae Neotropics distance 0.197222 0.363889 0.541985 
Norghauer et al. (2010a) Swietenia macrophylla Meliaceae Neotropics distance 0.883333 0.825 1.070707 
Notman et al. (1996) Macoubea guianensis Apocynaceae Neotropics distance 0.0375 0.075 0.5 
Notman et al. (1996) Macoubea guianensis Apocynaceae Neotropics density 0.025 0.041667 0.6 
Notman et al. (1996) Pouteria spp. Sapotaceae Neotropics density 0.8 0.8 1 
Notman et al. (1996) Pouteria spp. Sapotaceae Neotropics distance 0.925 0.725 1.275862 
Nyiramana et al. (2011) Carapa grandiflora Meliaceae Africa distance 0.32451 0.369318 0.878673 
Peres et al. (1997) Bertholletia excelsa Lecythidaceae Neotropics distance 0.275 0.504274 0.545339 
Roberts and Heithaus (1986) Ficus spp. Moraceae Neotropics distance 0.345 0.185 1.864865 
Sanchez-Cordero and Martinex-
Gallardo (1998) 
Cymnbopetaluml bailon Annonaceae Neotropics density 0.206173 0.5 0.412346 
Sanchez-Cordero and Martinex-
Gallardo (1998) 
Nectandra ambigens Lauraceae Neotropics density 0.2 0.4 0.5 
Sanchez-Cordero and Martinex-
Gallardo (1998) 
Astrocaryum mexicanum Arecaceae Neotropics density 0.376543 0.711111 0.529514 
Sanchez-Cordero and Martinex-
Gallardo (1998) 
Brosimum alicastrum Moraceae Neotropics density 0.387654 0.6 0.646091 
Sanchez-Cordero and Martinex-
Gallardo (1998) 
Omphalea oleifera Euphorbiaceae Neotropics density 1 1 1 
Sanchez-Cordero and Martinex-
Gallardo (1998) 
Ficus yoponensis Moraceae Neotropics density 0.934568 0.911111 1.025745 
Schupp (1988) Faramea occidentalis Rubiaceae Neotropics distance 0.19375 0.45 0.430556 
Schupp and Frost (1989) Welfia georgii Arecaceae Neotropics distance 0.121875 0.4125 0.295455 
Stevenson et al. (2005) Bursera inversa Burseraceae Neotropics density 0.145833 0.222222 0.65625 
Stevenson et al. (2005) Bursera inversa Burseraceae Neotropics distance 0.270588 0.047059 5.75 
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Takeuchi and Nakashizuka (2007) Dipterocarpus tempehes Dipterocarpaceae Asia density 0.021667 0.066667 0.325 
Takeuchi and Nakashizuka (2007) Shorea laxa Dipterocarpaceae Asia density 0.298333 0.2125 1.403922 
Takeuchi and Nakashizuka (2007) Shorea laxa Dipterocarpaceae Asia distance 0.547222 0.094444 5.794118 
Takeuchi and Nakashizuka (2007) Dipterocarpus tempehes Dipterocarpaceae Asia distance 0.086111 0.008333 10.33333 
Terborgh et al. (1993) Astrocaryum macrocalyx Arecaceae Neotropics distance 0.026667 0.093333 0.285714 
Terborgh et al. (1993) Dipteryx micrantha Fabaceae Neotropics distance 0.027778 0.027778 1 
Terborgh et al. (1993) Calatola venezuelana Icacinaceae Neotropics distance 1 1 1 
Terborgh et al. (1993) Hymenaea courbaril Fabaceae Neotropics distance 0.3125 0.1875 1.666667 
Traveset (1990) Acacia farnesiana Fabaceae Neotropics distance 0.65 0.86 0.755814 





Table S4: Difference in survival between dispersal and undispersed seedlings. These data are all taken from Comita et al’s 2014 meta-
analysis (24). Values for the parameter b are taken from the column “Change in surv.”. 








Augspurger and Kelly (1984) Platypodium elegans Fabaceae Neotropics density 0.139706 0.544681 0.256491 
Augspurger and Kelly (1984) Platypodium elegans Fabaceae Neotropics distance 0.119318 0.431746 0.276362 
Bell et al. (2006) Sebastiana longicuspis Euphorbiaceae Neotropics density 0.028226 0.093333 0.302419 
Chapman and Chapman (1996) Mimusops bagshawei Sapotaceae Africa distance 0.666667 0.964286 0.691358 
Chapman and Chapman (1996) Pseudospondias 
microcarpa 
Anacardiaceae Africa distance 0.733333 0.96875 0.756989 
Chapman and Chapman (1996) Uvariopsis congensis Annonaceae Africa distance 0.88 0.90625 0.971034 
Chapman and Chapman (1996) Balanites wilsoniana Zygophyllaceae Africa distance 0.966667 0.945455 1.022436 
Cintra and Horna (1997) Dipteryx micrantha Fabaceae Neotropics distance 0.65625 0.703125 0.933333 
Cintra and Horna (1997) Astrocaryum murumuru Arecaceae Neotropics distance 0.431641 0.455078 0.948498 
Coates-Estrada and Estrada (1988) Cymbopetalum baillonii Annonaceae Neotropics distance 0.1 0.4 0.25 
De Steven and Putz (1984) Dipteryx panamensis Papilionaceae Neotropics distance 0.117647 0.333333 0.352941 
Howe (1993) Virola nobilis Myristicaceae Neotropics distance 0.024615 0.110769 0.222222 
Howe et al. (1985) Virola surinamensis Myristicaceae Neotropics distance 0.027692 0.116923 0.236842 
Massey et al. (2006) Shorea leprosula Dipterocarpaceae Asia density 0.8 0.88 0.909091 
Matthesius et al. (2011) Deinbollia pinnata Sapindaceae Africa distance 0.736842 0.8 0.921053 
Matthesius et al. (2011) Entandrophragma 
angolense 
Meliaceae Africa distance 0.305 0.32 0.953125 
Matthesius et al. (2011) Sterculia setigera Malvaceae Africa distance 0.744444 0.7 1.063492 
Norghauer et al. (2010b) Microberlinia bisulcata Fabaceae Africa density 0.5 0.544118 0.918919 
Schupp (1988) Faramea occidentalis Rubiaceae Neotropics distance 0.6 0.725 0.827586 
Swamy and Terborgh (2010) Otoba parvifolia Myristicaceae Neotropics distance 0 0.181818 0 
Swamy and Terborgh (2010) Clarisia racemosa Moraceae Neotropics distance 0 0.1875 0 
Swamy and Terborgh (2010) Dipteryx micrantha Fabaceae Neotropics distance 0.25 0.444444 0.5625 
Swamy and Terborgh (2010) Calatola microcarpa Icacinaceae Neotropics distance 0.131579 0.222222 0.592105 
37 
 
Swamy and Terborgh (2010) Pterocarpus rohrii Fabaceae Neotropics distance 0.5 0.833333 0.6 
Swamy and Terborgh (2010) Spondias mombin Anacardiaceae Neotropics distance 0.305556 0.425532 0.718056 
Swamy and Terborgh (2010) Klarobelia candida Annonaceae Neotropics distance 0.615385 0.625 0.984615 
Swamy and Terborgh (2010) Brosimum lactescens Moraceae Neotropics distance 0.25 0.208333 1.2 
Swamy and Terborgh (2010) Pseudomalmea diclina Anacardiaceae Neotropics distance 0.296296 0.181818 1.62963 




Table S5. Tropical tree species included in the defaunation model. Baseline population matrices 
created from COMPADRE database matrices, which were originally published in the citations 
indicated. Dispersal mode data taken from TRY database (25). ‘Large vertebrate dispersed’ 
defined in main methods, based on the list of dispersers indicated for each species. 











Aquilaria crassna Thymelaeaceae (26) Vert (26) No 
Aquilaria malaccensis Thymelaeaceae (27) Abiotic N/A No 
Aquilaria macrocarpa Thymelaeaceae (27) Vert (28) No 
Araucaria cunninghamii Araucariaceae (29) Abiotic N/A No 
Avicennia germinans Acanthaceae (30) Abiotic N/A No 
Bertholletia excelsa Lecythidaceae (31) Vert TRY Yes 
Brosimum alicastrum Moraceae (32) Vert TRY Yes 
Ceratozamia mirandae Zamiaceae (33) Vert (33) No 
Chamaedorea radicalis Arecaceae (34) Vert TRY No 
Chlorocardium rodiei Lauraceae (35) Vert (36) No 
Choerospondias axillaris Anacardiaceae (37) Vert (37) Yes 
Coccothrinax readii Arecaceae (38) Vert TRY No 
Dicymbe altsonii Leguminosae (36) Vert (39) No 
Dioon caputoi Zamiaceae (40) Vert (41) No 
Dioon merolae Zamiaceae (42) Vert (41) No 
Dioon spinulosum Zamiaceae (43) Vert (41) No 
Duguetia neglecta Annonaceae (36) Vert (44) Yes 
Dypsis decaryi Arecaceae (45) Vert (46) Yes 
Encephalartos cycadifolius Zamiaceae (47) Vert (47) No 
Encephalartos villosus Zamiaceae (47) Vert (47) No 
Euterpe precatoria Arecaceae (48) Vert TRY Yes 
Geonoma orbignyana Arecaceae (49) Vert TRY No 
Grias peruviana Lecythidaceae (50) Abiotic N/A No 
Guaiacum sanctum Zygophyllaceae (51) Vert (52) No 
Guettarda viburnoides Rubiaceae (53) Vert (53) Yes 
Iriartea deltoidei Arecaceae (54) Vert TRY Yes 
Khaya senegalensis Meliaceae (55) Abiotic N/A No 
Magnolia macrophylla 
dealbata 
Magnoliaceae (56) Vert (57) No 
Mauritia flexuosa Arecaceae (58) Vert (58) Yes 
Microberlinia bisulcata Leguminosae (59) Abiotic N/A No 
Pentaclethra macroloba Leguminosae (60) Abiotic N/A No 
Phyllanthus emblica Phyllanthaceae (61) Vert TRY Yes 
Phyllanthus indofischeri Phyllanthaceae (61) Vert (61) Yes 
Phytelephas seemannii Arecaceae (62) Vert TRY Yes 
Pseudophoenix sargentii Arecaceae (63) Vert (46) No 
Rhizophora mangle Rhizophoraceae (30) Abiotic N/A No 
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Sabal minor Arecaceae (64) Vert TRY No 
Sabal yapa Arecaceae (65) Vert TRY No 
Shorea leprosula Dipterocarpaceae (66) Abiotic N/A No 
Stryphnodendron 
microstachyum 
Leguminosae (60) Vert (67,68) Yes 
Swietenia macrophylla Meliaceae (69) Abiotic N/A No 
Tachigali vasquezii Leguminosae (70) Abiotic N/A No 
Tetraberlinia bifoliolata Leguminosae (59) Abiotic N/A No 
Thrinax radiata Arecaceae (38) Vert TRY No 
Vatica mangachapoi Dipterocarpaceae (71) Abiotic N/A No 
Vochysia ferruginea Vochysiaceae (72) Abiotic N/A No 





Table S6: Defaunation status of population matrix sites. For each species we considered for our model, we checked the defaunation 
status of the site where the original population study was conducted. Defaunation statuses are “non-defaunated”, “unclear”, or 
“defaunated”. Population studies of invasive species were not considered. Our final model included studies from non-defaunated sites 







Country Site Name Defaun. 
status 























Nucleus zone “is free from human 
disturbance”; Tapirs and other large 











Large carnivores present including jaguar, 











“The area is rich in both mammal and bird 



















“Abundant” fauna, in contrast to 
defaunated sites in the region 
(63) 1992 
Dicymbe altsonii (36) 1991-
1995 





“The area is rich in both mammal and bird 
species”, including jaguar, tapir, etc. 
(76) 1996 






Large mammals present, including 












“The area is rich in both mammal and bird 


















Mexico Calakmul Biosphere 




Ungulates (including tapir) abundant both 
in the biosphere reserve and in communal 











Large frugivorous birds present, including 
Toco toucan, chestnut-fronted macaw, 










Large animals still frequently hunted at 






Benin Barabon and Nipuni 




The W Park “is home to the largest 
populations of elephants…and ungulates 
in West Africa, as well as rare species, 











Large animals such as jaguar, tapir, 






Cameroon Korup National Park Non-
defaun. 
Southern part of the park (same part as the 











La Selva “probably contains the best 
representation of a tropical mammalian 












“BRT WLS is one of the highest biomass-











“BRT WLS is one of the highest biomass-










“Abundant” fauna, in contrast to 
defaunated sites in the region 
(63) 1992 








Large mammals present such as coyote 
and deer; large birds present such as 





Sabal yapa (65) 2001-
2003 




Jaguars, tapirs, howler monkeys, white-
lipped peccaries, great curassow, ocellated 
turkey, and white-tailed deer all present 
(89) 2004 
Shorea leprosula (66) 1986-
2001 
Malaysia Pasoh Forest Reserve Non-
defaun. 
Native wild boar abundant; tapir and 










La Selva “probably contains the best 
representation of a tropical mammalian 












“Hunting is strictly prohibited and 






Cameroon Korup National Park Non-
defaun. 
Southern part of the park (same part as the 
study) lightly hunted with many primate 
species present 
(84) 2011 
Thrinax radiata (38) 1987-
1988 




“Abundant” fauna, in contrast to 











“Bawangling also has a rich fauna, 
particularly in mammals, birds and 






























Venezuela Río Limón mangrove 
forest 







Bolivia El Tigre Forest 
Reserve 
Unclear “hunting has been forbidden since 1994, 






Mexico Veracruz, near 
Papantla 
Unclear [Site location unclear, could not find info 
about fauna] 
NA NA 
Dioon merolae (42) 2004-
2008 
Mexico 3 sites in Chiapas, 
Mexico, between 
Alfonso Miguel and 










Mexico Ejido Cerro 
Tepezcuintle 
Unclear [Could not find info about fauna] NA NA 
Dypsis decaryi (45) 1990-
1993 
Madagascar Andohahela National 
Park, Parcel 3 
Unclear Parcels 1 and 2 surveyed in 1995, but 
parcel 3 not surveyed; parcels not 




















East London Coast 
Nature Reserve 
(State Forest); Ocean 
View Guest Farm 





Colombia Eastern mountain 
range, 55 km SE of 
Bogota 
Unclear [Site location unclear, could not find info 
about fauna] 
NA NA 
Grias peruviana (50) 1984-
1985 
Peru Ucayali River, near 
confluence of 
Amazon 








Mexico Coyopolan Unclear “disturbed cloud-forest due to subsistence 
farming and cattle grazing for around 30 






Colombia Chocó Department, 
along Valle / 
Boroboro / Arusi 
Rivers 
Unclear “mostly undisturbed or slightly disturbed 
tropical wet forest” [Specific location 






Venezuela Río Limón mangrove 
forest 







Bolivia El Tigre Forest 
Reserve 
Unclear “hunting has been forbidden since 1994, 






Nicaragua Las Delicias; La 
Bodega; Fonseca 





Puerto Rico Bosque Cambalache 
National Park, 
Arecibo 
Unclear “Introduced rats...are apparently the major 
contemporary agents for dispersal... 
rodents that were probably important seed 








Mexico Los Tuxtlas 
Biosphere Reserve 
Defaun. Defaunation “has been taking place over 






Vietnam Ba Vi National Park Defaun. “large mammals have become locally 
extinct” 
(98) 1999 
Carya sinensis (97) 2003-
2005 
Vietnam Cuc Phuong National 
Park 





Mexico Los Tuxtlas 
Biosphere Reserve 
Defaun. Defaunation “has been taking place over 






Mexico Cerro Verde, 
Chinantla, Oaxaca 





Vietnam Bach Ma National 
Park 
Defaun. “past and current levels of hunting 
pressure are high” 
(102) 2019 
Euterpe edulis (103) 2012-
2015 
Brazil Serra dos Órgãos 
National Park 
Defaun. “likely extinction of the three largest 














Mexico Santa Gertrudis, 
Vega de Alatorre, 
Veracruz 
Defaun. “can be considered defaunated in terms of 
medium-sized mammal species richness”; 







Vietnam Cuc Phuong National 
Park 
Defaun. “there are no large mammals in the park” (99) 2019 
Pinus fenzeliana (97) 2003-
2005 
Vietnam Hang Kia - Pa Co 
Nature Reserve 
Defaun. Gibbons likely extirpated in this reserve, 
threatened by hunting 
(107) 2011 
Prunus africana (108) 1997-
1999 
Cameroon Kilum-Ijim Forest Defaun. “the majority of the larger mammals for 
which there are records from Kilum-
Ijim...have either been extirpated locally 
or are rare” 
(109) 2001 
Quercus rugosa NA 1991-
1997 
Mexico Parque Ecológico de 
la Ciudad de México 
Defaun. Largest mammals are coyote, bobcat, 
ringtail, opposum, rabbit; no ungulates 
(110) 2016 
Zamia inermis (111) 2012-
2014 
Mexico Central Veracruz Defaun. “All this region is severely deteriorated” 





Table S7: P-values from Kolmogorov-Smirnov tests comparing results between final datasets 
used and three alternative datasetss. Each Kolmogorov-Smirnov test compares the distrubtion of 
“difference in lambda” in a final dataset and an alternative dataset, calculating a P-value 
representing the probability that the data come from the same distribution. In our first alternative 
dataset, we only included species from known non-defaunated sites, while in our final model we 
included species from known non-defaunaed sites and sites where we could not determine 
defaunation status (see Table S6). In our second alternative dataset, for species with multiple 
population matrices from a single study, we randomly selected one of the possible matrices, 
while in the final model we averaged matrix elements to create a single matrix for that species. In 
our third alternative model, we only included species with known seed survival values, while in 
the final model we created seed survival values for species that lacked those data, based on 
average seed survival (see Fig. S1). Because the distributions from the three alternative models 
are all extrememly similar to the distributions from the final datasets, we conclude that choices in 
determining the data in the final dataset described here did not affect the results of our model. 
 All defaunation effects Negative defaunation effects only 
























(N = 13 
species) 




(N = 28) 
0.9396 
(N = 9) 
1 
(N = 9) 
.9999 
(N = 28) 
1 
(N = 9) 
1 
(N = 9) 
Randomly selecting one of 
several matrices when 
multiple matrices exist 
per species per study 
0.9957 
(N = 47) 
0.9979 
(N = 13) 
0.9979 
(N = 13) 
0.9530 
(N = 47) 
0.9979 
(N = 13) 
0.9979 
(N = 13) 
Only including species 
with known seed 
survival values 
0.9918 
(N = 34) 
1 
(N = 9) 
1 
(N = 9) 
1 
(N = 34) 
1 
(N = 9) 
1 
(N = 9) 
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Table S8. List of parameters used in our analysis. 
Parameter Description Source of values 
p Defaunation seed predation rate divided 
by baseline seed predation rate 
Tables S1, column “∆ Seed Pred.” 
d Proportion dispersed, baseline Tables S2, column “Proportion dispersed 
pre-defaunation”; paired with d' 
d' Proportion dispersed, defaunation Tables S2, column “Proportion dispersed 
post-defaunation”; paired with d 
a Difference in seed survival between 
dispersed and undispersed seeds 
Tables S3, column “Change in Surv.” 
b Difference in seedling survival between 
dispersed and undispersed seedlings 
Tables S4, column “Change in Surv.” 
s Seed survival, baseline Calculated from each species matrix 
s' Seed survival, defaunation Equation S1 
sd Dispersed seed survival Equations S2 and S3 
su Undispersed seed survival Equations S2 and S3 
l Baseline seedling survival Calculated from each species matrix 
ld Dispersed seedling survival Equations S6 and S7 
lu Undispersed seedling survival Equations S6 and S7 
f Total fecundity; number of seeds 
produced per adult 
Calculated from each species matrix 
fd Fecundity, dispersed; number of 
dispersed seeds produced per adult 
Equations S4 and S5 
fu Fecundity, undispersed; number of 
undispersed seeds produced per adult 






Figure S1: After running a one-way ANOVA, we found that seed survival differed significanly 
among major plant lineages (F = 4.12, df = 3,29, P = 0.015). Post hoc comparisons using the 
Tukey HSD test showed that seed survival was significantly higher among cycads than among 
eudicots (P = 0.035) or monocots (P = 0.014). Seed survival was not significantly different 
among the three angiosperm clades. Cycad seed survival was not significantly different than 
magnoliid seed survival (P = 0.091). However, given how much higher cycad seed survival was, 
and given than cycad seed survival was signficantly higher than clades for which we had a higher 
number of samples, we felt justified in separating cycad seed survival from angiosperm clades. 
We did not include conifers in our analysis, as we only had one conifer in our dataset, and seed 
survival for that species was already known. 








Figure S2: Life cycle diagrams and applied defaunation effects. Changes in vital rates compared 
to the original matrix shown in gray. A) For all species listed in table S1, we adapted population 
matrices from the COMPADRE database to fit a four-stage matrix. B) To test the effects of seed 
predation, we altered seed surival but otherwise kept matrices the same. C) To test the effects of 
dispersal via seeds, we first split seeds into undispersed and dispersed stages, calculated 
fecundity of undispersed and dispersed seeds, and calculated new survival values for undispersed 
and dispersed seeds. Then we altered the fecundity of undispersed and dispersed seeds. D) To 
test the effects of dispersal via seedlings, we first split seeds and seedlings into undispersed and 
dispersed stages, calculated fecundity of undispersed and dispersed seedlings, and calculated 
new survival values for undispersed and dispersed seeds. Seed surival from the original matrix 
was used for surival of both undispersed and dispersed seedlings. Then we altered the fecundity 
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Overhunting reduces important plant-animal interactions such as vertebrate seed dispersal and 
seed predation, thereby altering plant regeneration and even aboveground biomass. It remains 
unclear, however, if non-hunted species can compensate for lost vertebrates in defaunated 
ecosystems. We use a nested exclusion experiment to isolate the effects of different seed enemies 
in a Bornean rainforest. In four of five tree species, vertebrates kill many seeds (13-66%). But 
when large mammals are excluded, seed mortality from insects and fungi fully compensate for 
the lost vertebrate predation such that defaunation has no effect on seedling establishment. The 
switch from seed predation by generalist vertebrates to specialist insects and fungi in defaunated 
systems may alter Janzen-Connell effects and density-dependence in plants. Previous work using 
simulation models to explore how lost seed dispersal will affect tree species composition and 
carbon storage may warrant reevaluation in the context of functional redundancy within complex 
species interactions networks. 
 
Introduction 
Hunting is reducing large vertebrate populations around the world, a phenomenon known as 
defaunation (Dirzo et al. 2014). This can have cascading impacts due to altered plant-animal 
interactions (Brodie and Aslan 2012, Dirzo et al. 2014, Harrison et al. 2016), with potential 
consequences for plant species composition, forest regeneration, and even ecosystem functions 
such as carbon storage (Bello et al. 2015, Osuri et al. 2016, Gardner et al. 2019). For example, 
defaunation-induced losses of seed dispersal by large vertebrates have been predicted to drive 
declines in the largest and heaviest-wooded tree species—many of which are vertebrate 
dispersed—decreasing above-ground biomass and carbon storage by 2.4-26% in the Amazon 
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(Peres et al. 2016), Brazilian Atlantic Forest (Dantas de Paula et al. 2018), and Thailand 
(Chanthorn et al. 2019). However, reduced dispersal only causes plant population declines if 
there is strong conspecific negative distance- or density-dependent mortality for undispersed 
seeds, which is lacking in many plant species (Comita et al. 2014, Song et al. 2020). 
Furthermore, even assuming that defaunation-caused dispersal limitation increases seed 
mortality, this could be offset by the concurrent decline in large vertebrate seed predation 
(Muller-Landau 2007). Therefore, predicting the cascading impacts of defaunation on plants 
requires understanding the effects of both altered seed dispersal and seed predation (Dantas de 
Paula et al. 2018). 
 Seed predation is a key interaction that strongly influences plant abundance (Asquith et 
al. 1997, DeMattia et al. 2004), coexistence (Wirth et al. 2008, Paine et al. 2016), and diversity 
(Paine and Beck 2007, Jia et al. 2018). Seed predation in tropical forests is largely performed by 
insects (Wright and Duber 2001, Dracxler et al. 2011), fungi (Kluger et al. 2008, Sarmiento et al. 
2017), and vertebrates (Curran and Webb 2000, DeMattia et al. 2004, Velho et al. 2012). The 
Janzen-Connell Hypothesis suggests that host-specific insect and fungal enemies cause 
conspecific density-dependent mortality for under-dispersed offspring, which promotes species 
coexistence and diversity (Janzen 1970, Connell 1971, Terborgh 2012, Levi et al. 2019). 
However, different seed predators cause different spatial patterns of mortality, depending on 
their mobility and diet specificity (Nathan and Casagrandi 2004, Terborgh 2012, Song et al. 
2020). Importantly, wide-ranging generalist seed predators, such as most vertebrates, are 
comparatively less important sources of Jansen-Connell effects (Owen-Smith 1988, Terborgh 
2012, Song et al. 2020). Therefore, if defaunation switches the dominant seed predators from 
non-selective vertebrates that do not induce density-dependence to fungi and insects that do 
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induce density-dependence, this could alter species composition, coexistence, and diversity. To 
date, studies have observed that defaunation can change patterns of vertebrate seed predation 
(Wright 2003, Mendoza and Dirzo 2007, Kurten 2013), but the net effects on seed survival 
remain largely unknown because there is little information on how other non-hunted seed 
enemies respond to defaunation. 
 Here we assess if fungi, insects, or smaller vertebrates compensate for the loss of the 
larger hunted vertebrate seed predators. If the different enemy groups are functionally redundant, 
then reduced seed predation by larger animals in hunted forests could be compensated by 
increasing populations or feeding rates of other enemies, leading to no net change in seed 
survival or seedling recruitment (Casula et al. 2006). Alternatively, seed predators could have 
additive effects, meaning that the loss of one species or group may not be compensated by 
others. For example, if seed predators are specialized to attack different species, types, or sizes of 
seeds, they may be unable to expand their diet breadths (in an ecologically relevant timeframe) to 
predate unexploited seed resources (Casula et al. 2006). If seed predator effects are additive, then 
seed survival and seedling recruitment could increase in defaunated forests, in which case higher 
survival due to lost vertebrate seed predators could potentially offset the negative effects of 
reduced zoochorous seed dispersal on plant recruitment (Muller-Landau 2007).  
 There is evidence that hunted tropical forests can experience changes in plant 
recruitment, but the directionality is inconsistent. Defaunation has been associated with declining 
seed predation and higher plant recruitment (Wright et al. 2000, Beckman and Muller-landau 
2007, Harrison et al. 2013), but also compensatory rises of seed-predating rodent populations 
leading to lower plant recruitment (Galetti et al. 2015a, Rosin and Poulsen 2016, Culot et al. 
2017). In one study in the Neotropics, insects partially compensated for reduced vertebrate seed 
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predation in overhunted forests (Wright and Duber 2001). The role of compensatory seed 
predation by both insects and fungi remains largely untested. Collectively, the degree to which 
the effects of different seed predator groups are predominately additive or compensatory remains 
unclear, limiting our understanding of how defaunation will alter plant regeneration and 
influence Janzen-Connell effects. 
 We experimentally test whether other seed enemies compensate for lost seed predation by 
large vertebrates in a nearly faunally-intact lowland rainforest in Borneo. We use a nested set of 
treatments to experimentally isolate the effects of large vertebrates, small vertebrates, insects, 
and fungi on seed survival (Fig. 1). Specifically, we disentangle predation by large terrestrial 
vertebrates (> ~1 kg) using fenced exclosures and by rodents using smaller wire cages, and we 
attributed seed mortality to vertebrates based on physical signs (such as chew marks) or seed 
removal (see Methods, below). We established insecticide and fungicide treatments within the 
vertebrate exclosures. Our study includes seeds from five native tree species, including four 
members of the dominant family Dipterocarpaceae and one species (Dimocarpus longan), that is 
native in the region and also cultivated for its fleshy fruit (Fig. 2). 
Our results show that large hunted vertebrates are important seed predators, but we 
observe strong compensatory increases in seed mortality from insects and fungi when large 
vertebrates are excluded. This suggests that the defaunation-induced loss of vertebrate seed 
predation does not affect seed survival. If our results are consistent across the tree community, 
there would be no reduction of seed mortality to offset the negative effects of defaunation-caused 






Fungal and insect enemies compensate for vertebrate seed predation  
Across all tree species, vertebrate seed predation significantly declined inside large-vertebrate 
exclosures (4.8% of seeds predated) as compared to outside the exclosures (24.8% predated; 
mixed-effects logistic regression: β = -1.89 ± SE = 0.47, P < 0.001; Fig. 3), suggesting that large 
vertebrates were significant seed predators. The exclusion of large vertebrates reduced vertebrate 
seed predation in all five species, though for one species this reduction was not significant (see 
Species-specific results, below; Fig. 4). Despite reduced vertebrate seed predation inside fenced 
exclosures, overall seed survival did not differ between the exclosures and open control plots (β 
= 0.30 ± 0.30, P = 0.887; Figs. 3 and 5), indicating compensatory seed predation by other 
enemies (i.e., fungi and insects). We confirmed that insects and fungi were significant non-
vertebrate seed enemies because applying insecticide increased seed survival across all species 
when the taxa were analyzed together (β = 0.53 ± 0.16, P = 0.011; Fig 5A), and applying 
fungicide increased seed survival for two of the five species individually (see below; Fig. 5). 
Surprisingly, small vertebrates killed few seeds of any species, and excluding them did not 
significantly increase seed survival when all species were analyzed together (β = 0.37 ± 0.21, P = 
0.411; Figs. 3, 4, and 5).  
 
Species-specific results 
In models with each species analyzed separately, we found that excluding large vertebrates 
significantly reduced vertebrate predation in four of our five species (P < 0.001 in all cases) but 
not in Parashorea malaanonan (β = -1.51 ± 0.87, P = 0.083, Fig. 3). Large vertebrates ate too 
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few Parashorea malaanonan seeds so there was not an opportunity for compensation in this 
species. 
 Fungicide did not increase seed survival across all species combined (see Fungal and 
insect enemies compensate for vertebrate seed predation, above), but it did increase survival for 
Shorea leprosula (β = 1.39 ± 0.31, P < 0.001, Fig. 5C) and Dimocarpus longan (β = 1.03 ± 0.28, 
P = 0.003, Fig. 5B) individually. Excluding large vertebrates increased Dimocarpus longan seed 
survival to the germination stage (β = 1.70 ± 0.36, P < 0.001), but survival to seedling 
establishment was unaffected by experimental defaunation (Fig. 5D). 
 
Discussion 
We observed strong compensation among seed predator groups, and this has important 
conservation implications given the widespread destruction of large-bodied granivorous 
vertebrates globally (Ceballos et al. 2017). Large mammals were significant seed predators in 
our system, but their exclusion had no effect on overall seed survival because—when they were 
removed—predation by fungi and insects fully compensated. This suggests that seed enemies are 
predominately redundant, rather than complementary, in this system. If such patterns hold at the 
community-scale, abiotically dispersed trees are unlikely to be affected by defaunation because 
overall seed predation may remain constant. For zoochorous trees, the negative effects of 
hunting-induced dispersal limitation (Brodie et al. 2009, Terborgh 2013) may not be offset by the 
positive effects of reduced vertebrate seed predation.  
 A key insight from our findings is the potential for defaunated systems to switch from 
seed predation patterns dominated by generalist vertebrates to seed predation by specialist insects 
and fungi. The switch towards higher seed mortality from insects and fungi may have important 
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implications for tree composition by altering Janzen-Connell effects and conspecific negative 
density-dependence. Janzen-Connell effects are driven by host-specific and dispersal-limited 
insects or fungi enemies (Nathan and Casagrandi 2004, Terborgh 2012), which cause higher seed 
and seedling mortality nearby conspecific adults (Song et al. 2020). However, vertebrate 
generalists consume many plant species and are highly mobile, making them unlikely sources of 
conspecific negative density-dependence (Terborgh 2012). Therefore, a switch towards increased 
seed mortality from insects and fungi in defaunated forests could potentially increase conspecific 
negative density dependence and drive patterns of diversity and coexistence (Terborgh 2012, 
Levi et al. 2019). 
 Rodent seed predation appears to be relatively unimportant in our system, which 
contrasts with observations from other work (Wright and Duber 2001, Galetti et al. 2015a, Rosin 
and Poulsen 2016). This may be because rodents in defaunated forests can increase in abundance 
(e.g., following release from predators and competitors) (Galetti et al. 2015a), which may then 
compensate or overcompensate for the lost seed predation by larger-bodied granivores (Galetti et 
al. 2015a, Rosin and Poulsen 2016, Culot et al. 2017). Our large-vertebrate exclosures (99 m2 
each) were too small to trigger population-level increases in rodents. Rodents tend to predate 
smaller seeds than those consumed by larger mammals (Bodmer 1991, Dylewski et al. 2020). It 
has remained unclear whether rodents would shift their diet breadths once their larger 
competitors were eliminated (Dirzo et al. 2007, Mendoza and Dirzo 2007, Galetti et al. 2015b), 
though our study suggests that this might not occur. 
 The net effects of defaunation on plants will vary depending on whether the plant species 
is vertebrate-dispersed and has seeds that are targeted by vertebrate predators (Wright 2003). 
Seed predation is clearly more important than seed dispersal for abiotically-dispersed species 
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such as the dipterocarps that dominate the canopies of Southeast Asian equatorial forests. Our 
study—which included four dipterocarps—suggests that defaunation might not affect these 
species’ populations. This conclusion is consistent with prior modeling work (Osuri et al. 2016). 
For vertebrate-dispersed trees, reduced seed dispersal from defaunation may still lead to shifts in 
species composition and even the erosion of forest carbon storage (Bello et al. 2015, Peres et al. 
2016, Osuri et al. 2016, Chanthorn et al. 2019) if lost seed-dispersal by large vertebrates is not 
compensated for by the remaining species in the community. But overall, it remains unclear how 
defaunation will affect vertebrate-dispersed tree species given the complex, concurrent impacts 
on seed predation. 
 In one of the largest empirical studies of the cascading impacts of defaunation on tropical 
tree communities, Harrison et al. (2013) found that spatial aggregation increased for vertebrate-
dispersed trees but not for abiotically-dispersed species, driven by the loss of dispersers such as 
primates and hornbills. However, they also found that sapling abundances increased >25% over 
the two-decade study period, which is the opposite of what would be predicted if undispersed 
seeds tend to suffer high conspecific negative density-dependence. Harrison et al. (2013) suggest 
that the higher sapling recruitment was due to the absence of seed predators and herbivores. But 
our results show that compensatory effects of other enemies may have offset the effects of lost 
seed predators. Therefore, we suspect that the explanation for enhanced sapling recruitment was 
lower seedling herbivory as well as non-trophic effects of megafauna such as trampling seedlings 
that have already established. The importance of non-trophic disturbances on seedling and 
sapling mortality is supported by two recent studies. First, a study monitoring artificial seedlings 
found that wildlife may trample >50% of stems in Malaysian Borneo (Rosin and Poulsen 2016). 
Second, in a Peninsular Malaysian primary forest where wild pig (Sus scrofa) populations are 
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elevated due to food subsidies from crop-raiding in adjacent oil palm plantations, pig nest 
construction was the primary driver of a 62% decline in saplings over a two-decade study period 
(Luskin et al. 2017). There appears to be an immense effect of trampling and nest building on 
seedlings in Malaysian forests, and this could explain why Harrison et al. (2013) observed higher 
sapling recruitment in a defaunated Malaysian forest even in the presence of compensatory seed 
predation. 
 Generalizations from our findings are limited by the relatively few species that we 
assessed and the short duration of our study. We focused on only five species in two families, out 
of >700 species at our site, and our study was undertaken in a single season. Therefore, we do 
not know how widespread compensatory seed predation is in our tree community or in other 
systems. Our site also lacks a persistent seedbank, which is true of most tropical rainforest tree 
communities (Vázquez-Yanes and Orozco-Segovia 1993), but this limits the extrapolation of our 
results to temperate systems where longer-lived seeds face different predation pressures than 
those that germinate quickly (Hulme 1998). Finally, we did not conduct full population-level 
demographic analyses, so we are not able to assess how our measured impacts on seed predation 
would translate into impacts on plant abundance. Nevertheless, early life-stage vital rates 
generally have very low elasticities in long-lived tree species (Franco and Silvertown 2004), so 
even relatively large changes in seed predation often have limited impact on plant abundance 
(Howe and Miriti 2004) (and we observed no defaunation-induced changes in overall seed 
predation at all). 
 Seed traits such as size and toxicity likely influence which enemies attack seeds. By 
altering seed predator assemblages, defaunation could affect which seeds are consumed. For 
example, Mendoza and Dirzo (2007) hypothesized that larger seeds escape rodent granivory due 
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to poor handling efficiencies and so would experience less seed predation in defaunated areas. 
We did not see any effect of seed size in our study, though our sample size was too small to 
explicitly examine this trait, and a meta-analysis did not find a correlation between seed size and 
changes in seed predation under defaunation (Kurten 2013). We found the insects had stronger 
effects on seed survival than fungi in defaunation treatments. This is consistent with results from 
a recent greenhouse experiment that found very weak effects of fungal pathogens on dipterocarp 
seedling mortality overall (Cannon et al. 2020). In fact, that study included three of the 
dipterocarp species we used, and their fungicide results were non-significant for Dryobalanops 
lanceolata and Parashorea malaanonan and significant for Shorea leprosula, which is exactly 
the pattern we observed in our field experiment. Other studies suggest that seed-predating insects 
are resistant to disturbances such as hunting and logging (Ewers et al. 2015, Lamperty et al. 
2020), though defaunation could have cascading effects on seed-predating insect communities 
(Peguero et al. 2017). Compensation by insects and fungi may be mediated by seed traits, but the 
field currently lacks sufficient data to assess how defaunation will affect seed mortality across 
plant traits.  
Defaunation will alter tropical tree communities, but we require more empirical work to 
unravel the complex interactions that determine the net impacts on plant recruitment. Future 
research should focus on expanding the set of tree species tested at a single site to determine if 
the patterns we observed for five tree species are representative of a community-wide 
phenomenon. In lieu of testing hundreds or thousands of species, studies that focus on how plant 
traits affect susceptibility to specific enemy guilds could also help in developing inference about 
community-wide patterns. We caution that previous research assuming that losses in seed 
dispersal will lead to population declines may be premature, since reduced seed predation may 
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offset this (Muller-Landau 2007), or, as we show, compensatory increases in other seed predator 
guilds can shift which predators are important in a system. We are especially interested in 
whether the compensatory increase in insect and fungal seed predation in defaunated forests 
alters density-dependence, as this could interact with altered seed dispersal (Terborgh 2013, 
Peres et al. 2016) and affect species coexistence and diversity (Terborgh 2012, Levi et al. 2019). 
Despite a significant body of work investigating the cascading impacts of defaunation on plant 
communities, there remain more questions than answers; this is an applied ecological issue that 




We conducted our research in the lowland dipterocarp forests of Danum Valley Conservation 
Area in the state of Sabah, Malaysian Borneo. The majority of the conservation area consists of 
terrain below 700 m elevation and has no history of logging (Marsh and Greer 1992). Danum 
Valley has a wet equatorial climate, with ~2800 mm of annual rainfall, a mean maximum 
temperature of ~31°C, and a mean minimum temperature of ~23°C (Marsh and Greer 1992). The 
forests are dominated by trees in the Dipterocarpaceae family with a canopy ~60 m high and 
even taller emergent trees (Dial et al. 2004). Dipterocarp trees produce non-fleshy, lipid-rich 
fruits that are abiotically dispersed by wind and gyration and predated by many vertebrates 
(Curran and Webb 2000). A large percentage of Borneo’s lowland tree species produce flowers 
and seeds in irregular, super-annual masting cycles, with dipterocarps showing particularly strict 
adherence to this pattern (Sakai 2002). Major post-dispersal seed predators of large tree seeds in 
this system include bearded pigs (Sus barbatus), porcupines, murid rodents, and insects such as 
68 
 
beetles (Blate et al. 1998, Curran and Webb 2000). Other large terrestrial vertebrates that may 
consume tree seeds include sun bears (Helarctos malayanus) (Wong et al. 2005), pheasants 
(Curran and Leighton 2000), several  ungulate species (sambar, muntjac, chevrotain) (Corlett 
2017), and several primate species (macaques and orangutan) (Curran and Leighton 2000). This 
area is faunally intact, with the exception of the Sumatran rhinoceros, Dicerorhinus sumatrensis, 
which has been extirpated from here and throughout the vast majority of its range.  
  
Tree species used in the experiments 
We used seeds from five native tree species that included a fleshy fruited vertebrate-dispersed 
species (Dimocarpus longan; Sapindaceae) and four Dipterocarpaceae species that are non-
fleshy and varied in size from 0.37 to 11.75 g (Fig. 2). Dimocarpus longan is a 10-25 m tall tree, 
cultivated for its drupaceous fruits that are similar to (and related to) lychee, which grows 
natively in Bornean forests (Fern 2014). All four species of dipterocarps are tall trees as adults 
(up to 45-70 m) and produce acorn-like nuts with 3-5 wings to aid in wind dispersal (Fig. 2) 
(Fern 2014). We chose these species because they represented a wide range of seed sizes, 
included both fleshy and non-fleshy fruits, and were widely available during the mast year in 
which we worked. Dipterocarp seeds germinate within ~30 days and die if they fail to germinate 
(O’Brien et al. 2013); Dimocarpus longan seeds germinate after an average of ~21 days (Colon 
and Campos-Arceiz 2013), dying if they fail to germinate after 7 weeks (Sowa et al. 1991). We 
obtained dipterocarp seeds during a mast-fruiting event in August 2019. Dimocarpus seeds were 
purchased from nearby markets. As we were interested in seed predation rather than seed 
dispersal, we removed the Dimocarpus fruit flesh by hand, using the round, dark-colored seeds 




Nested exclusion experiment design 
We established 10 replicate experimental blocks, each consisting of a 9 × 11 m, open-top 
exclosure with 1.8 m tall fencing of 4 × 4 cm wire mesh. These exclosures were designed to 
exclude large terrestrial vertebrates (>1 kg) such as elephants, bearded pigs, deer, and 
porcupines, but not smaller rodents or arboreal species such as primates, squirrels, or birds. 
Exclosures were spaced 75 m apart along a transect adjacent to the 50 ha permanent forest 
dynamics plot. We established six treatments per species within each of the 10 blocks (Fig. 1). 
For treatment 1 (control), seeds were placed outside the exclosure, accessible to all seed 
predators. For treatments 2-6, seeds were placed inside the exclosure, excluding large vertebrate 
seed predators. For treatments 3-6, seeds were protected by small, closed-top 1.3 cm wire mesh 
rodent exclosures. For treatments 4 and 6, seeds were sprayed with a broad-spectrum insecticide 
(malathion) and another insecticide that proved to be more effective at stopping ants 
(chlorpyrifos). We prepared concentrations of these insecticides following product instructions 
(2.5 mL 57% w/w malathion per 1 L of water, and 23.5 mL 21.2% w/w chlorpyrifos per 10 L of 
water). For treatments 5 and 6, seeds were sprayed with a broad-spectrum fungicide (mancozeb) 
at the company-specified concentration of 2.5 g 80.0% w/w mancozeb per 1 L of water. Thus, 
treatment 4 was only treated with insecticide, treatment 5 was only treated with fungicide, and 
treatment 6 was treated with both insecticide and fungicide. Both insecticides and fungicide were 
applied twice per week, and we sprayed an equivalent volume of water on other treatments to 
reduce bias associated with repeatedly visiting sites. 
 We opted for this nested design, rather than a fully factorial experimental design, for two 
reasons. First, we did not want to expose vertebrates to the potentially harmful insecticides and 
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fungicides. Second, we wanted our experimental design to mimic real-world patterns of 
defaunation, where large vertebrates are lost while insects and fungi remain, while still isolating 
the impacts of different groups of seed predators. Experimental treatments with large vertebrates 
but without insects or fungi (which would be part of a factorial design) are not ecologically 
realistic.  
 
Seed fate measurements 
In each treatment in each block, we placed 10 seeds of each species within a 30 cm diameter 
circle, excluding seeds that showed preexisting visible damage. In total, our experiment included 
600 seeds per species and 3000 seeds total. Every week we recorded the number of seeds that 
survived, the number that germinated, and the number of seedlings that established. Seeds 
germinated when the radicle emerged and were considered to have established when the 
cotyledons unfurled. 
 We monitored seeds for 11 weeks, at which point all seeds were either established or 
assumed to be dead. Given that our species all have short germination times and do not remain 
viable for long, we are confident that any seeds that had not germinated by the end of the study 
would never have done so. We assessed how many seeds died before they could germinate, how 
many germinated but died before they could establish, and how many successfully established. 
For seeds that died, we attributed mortality to either vertebrate predation or non-vertebrate 
mortality. Mortality was attributed to vertebrates either based on chewed seeds and tooth marks, 
or if seeds disappeared. Dipterocarp species were much more likely to be consumed by 
vertebrates in-place rather than to be removed, and the former left obvious remains. For 
Dryobalanops lanceolata, Parashorea malaanonan, and Shorea leprosula, we tagged half of the 
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seeds in each vertebrate-accessible treatment by tying 1-meter-long strings around each tagged 
seed. We monitored these tagged seeds for the first five weeks of the 11-week study. During the 
first five weeks, we observed very few moved seeds (6 out of 300; Supplementary Material, 
Table S1). After week 5, we continued to record seed fate for all seeds, but we did not 
specifically monitor tagged seeds, so we do not have a record of whether tagged seeds were 
moved during that period. Unlike dipterocarp seeds, Dimocarpus longan seeds were moved 
frequently, particularly in treatments accessible to large vertebrates (treatment 1). It is possible 
that these seeds may have dispersed intact rather than destroyed, but because far fewer seeds 
disappeared in treatment 2, the seeds in the control treatment were likely to have been consumed 
by large vertebrates rather than dispersed by scatter-hoarding rodents. Still, we may have 
overestimated vertebrate predation of Dimocarpus longan. We could not confidently 
differentiate mortality caused by insects or fungi specifically, so we classified all other mortality 
as non-vertebrate mortality. 
 
Logistic mixed-effects regression 
We used mixed-effect logistic regressions to assess the probability that any given seed was (a) 
killed by vertebrates or (b) survived to a given stage. For all regressions described below, we 
included block as a random effect (ten levels). Analyses were performed using the lme4 package 
(Bates et al. 2015) version 1.1-19 in R (R Core Team 2018) version 3.5.1. 
In the model assessing seed mortality caused by vertebrates, the dataset was limited to 
treatments 1 and 2, since these were the only two treatments accessible to vertebrates. In this 
model, we also excluded the species Shorea macrophylla, as this species had no seeds predated 
by vertebrates in treatment 2. Our predictor variables were treatment (a fixed effect with two 
72 
 
levels for the open controls versus inside fences) and seed stage (a fixed effect with two levels: 
germinated or established). We included species as a random effect (four levels, one for each 
species included in the analysis), with random intercepts and random slopes. This allowed us to 
determine whether the effects of treatment were consistent across species. 
 To assess species-specific responses to treatments, we also ran separate models for each 
of the four species (again excluding Shorea macrophylla). For each of these models our predictor 
variables were treatment (a fixed effect with two levels for the open controls versus inside 
fences) and seed stage (a fixed effect with two levels: germinated or established). 
 In the regression assessing seed survival, the dataset included all six treatments and all 
five species. Our predictor variables were treatment (a fixed effect with six levels for the six 
treatments, see Fig. 1) and seed stage (a fixed effect with two levels: germinated or established). 
We included species as a random effect (five levels, one for each species), with random 
intercepts and random slopes. To test for differences among treatments, we conducted post-hoc 
Tukey tests to adjust for multiple comparisons, using the multcomp package (Hothorn et al. 
2008) version 1.4-15. We used a subset of the pairwise comparisons from the post-hoc tests to 
identify particular exclusion effects on seed survival: treatments 1 vs. 2 for the effect of large 
vertebrate exclosure, 2 vs. 3 for small vertebrate exclosure, 3 vs. 4 for insecticide, 3 vs. 5 for 
fungicide, and 3 vs. 6 for the combined effects of insecticide and fungicide. We also ran species-
specific models with treatment (a fixed effect with six levels for the six treatments) and seed 
stage (a fixed effect with two levels: germinated or established) as predictor variables. To test for 
differences among treatments, we again conducted post-hoc Tukey tests. We used the same 




 The full results from all regressions, including all pairwise comparisons from post-hoc 
tests, are presented in the Supplemental Material (Tables S2-S8). 
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Figure 1: Diagram of the nested exclusion experimental design used here with 10 replicate 








Figure 3: Total seed mortality did not differ based on the presence or absence of large 
vertebrates (mixed-effects logistic regression: P = 0.887), even though vertebrate mortality 
significantly declined when large animals were excluded (P < 0.001), due to compensatory 
predation by fungi and insects. Total mortality also did not change when small mammals were 
excluded (P = 0.411). Mortality is defined as seeds that died prior to establishing as seedlings 
and was calculated across all species (N = 500 seeds per treatment for each of the five species). 




Figure 4: Differences in seed predation by large and small vertebrates (circles) vs. small 
vertebrates only (squares); error bars show mean values ± standard errors across experimental 
blocks (N = 10). Predation was determined by physical signs or seed removal and limited to the 
period prior to establishing as seedlings (i.e., excluding trampling). LO = Dimocarpus longan, 
DL = Dryobalanops lanceolata, PM = Parashorea malaanonan, SL = Shorea leprosula, and SM 
= Shorea macrophylla. Excluding large mammals significantly decreased vertebrate predation 
(mixed-effects logistic regression: P < 0.001). Overall vertebrate mortality did not significantly 
differ for PM (P = 0.083). This suggests that large vertebrates are significant seed predators for 




Figure 5: Proportions of seeds surviving under experimental treatments (indicated by different 
colors and shapes); error bars indicate mean values ± standard errors across treatments (N = 50 
for all species; N = 10 for individual species). Logistic regressions were performed to test the 
effect of treatment on seed survival. Then, post-hoc Tukey tests were used to adjust for multiple 
tests and identify significant pairwise comparisons. All statistical tests were two-tailed. Selected 
pairwise comparisons shown with P-values; significant comparisons in bold. a Across species, 
insecticide increased survival (P = 0.011). b,c Fungicide increased survival in Dimocarpus 





Table S1. Tagged seeds to monitor secondary dispersal. We tagged half of all seeds in 
vertebrate-accessible treatments, 5 of 10 seeds per species per treatment per block. We tied 1-
meter-long string around seeds to tag them. Tagged seeds were monitored for the first 5 weeks, 
though the study lasted 11 weeks. From weeks 5 to 11, seed fate was recorded for all seeds 
including tagged seeds, but tagged seeds were not specifically monitored those weeks, so we do 
not have a record of whether tagged seeds were moved after week 5. Percentages are based on 
the number of tagged seeds (100 per species) or the number of total seeds in vertebrate-
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Table S2. Vertebrate-caused morality logistic regressions, two-tailed. Each model compares the 
difference in vertebrate predation between treatment 1 (accessible to all vertebrates) and 
treatment 2 (only accessible to small vertebrates). Methods described in main text. We did not 
include Shorea macrophylla in the overall model, nor did we run an individual species model on 
Shorea macrophylla, because this species had no seeds predated by vertebrates in treatment 2. 
Significant P-values, not adjusted for multiple comparisons, are in bold, * P < .01, ** P < .001. 
Model β ± SE P 
All species (‘species’ as random effect) -1.89 ± 0.47 <.001** 
Dimocarpus longan -6.51 ± 0.85 <.001** 
Dryobalanops lanceolata -1.35 ± 0.41 <.001** 
Parashorea malaanonan -1.51 ± 0.87 .083 
Shorea leprosula -2.21 ± 0.66 <.001** 
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Table S3. Pairwise comparisons for seed survival logistic regression, two-tailed, all species. This 
model included data from all five seed species, with species included as a random effect. 
Methods described in main text. Values are from post-hoc two-tailed Tukey tests, β ± SE above 
the diagonal (upper right), P-values below the diagonal (lower left). Significant pairwise 
comparisons are in bold; * P < .01; ** P < .001. 
  Treatment 
 
 







1 – 0.30 ± 0.30 0.67 ± 0.25 1.21 ± 0.33 0.97 ± 0.41 1.16 ± 0.36 
2 .887 – 0.37 ± 0.21 0.91 ± 0.27 0.67 ± 0.21 0.86 ± 0.19 
3 .054 .411 – 0.53 ± 0.16 0.30 ± 0.32 0.49 ± 0.19 
4 .003* .007* .011 – -0.24 ± 0.37 -0.04 ± 0.19 
5 .137 .011 .902 .981 – 0.19 ± 0.28 
6 .013 <.001** .086 1.000 .972 – 
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Table S4. Pairwise comparisons for seed survival logistic regression, two-tailed, Dimocarpus 
longan. This model only included data for this single species. Methods described in main text. 
Values are from post-hoc two-tailed Tukey tests, β ± SE above the diagonal (upper right), P-
values below the diagonal (lower left). Significant pairwise comparisons are in bold; * P < .01; 
** P < .001. 
  Treatment 
 
 







1 – 1.70 ± 0.36 1.82 ± 0.36 2.89 ± 0.37 2.85 ± 0.37 3.29 ± 0.37 
2 <.001** – 0.12 ± 0.28 1.19 ± 0.28 1.15 ± 0.28 1.58 ± 0.29 
3 <.001** .998 – 1.07 ± 0.28 1.03 ± 0.28 1.46 ± 0.29 
4 <.001** <.001** .002* – -0.04 ± 0.28 0.39 ± 0.28 
5 <.001** .001* .003* 1.000 – 0.43 ± 0.28 
6 <.001** <.001** <.001** .724 .637 – 
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Table S5. Pairwise comparisons for seed survival logistic regression, two-tailed, Dryobalanops 
lanceolata. This model only included data for this single species. Methods described in main 
text. Values are from post-hoc two-tailed Tukey tests, β ± SE above the diagonal (upper right), 
P-values below the diagonal (lower left). Significant pairwise comparisons are in bold; * P < .01; 
** P < .001. 
  Treatment 
 
 







1 – 0.11 ± 0.27 0.69 ± 0.28 1.42 ± 0.31 0.26 ± 0.27 1.05 ± 0.29 
2 .999 – 0.58 ± 0.28 1.31 ± 0.31 0.15 ± 0.27 0.94 ± 0.29 
3 .132 .297 – 0.73 ± 0.32 -0.44 ± 0.28 0.36 ± 0.30 
4 <.001** <.001** .191 – -1.16 ± 0.31 -0.37 ± 0.33 
5 .934 .994 .635 .002* – 0.80 ± 0.29 
6 .004* .016 .837 .867 .073 – 
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Table S6. Pairwise comparisons for seed survival logistic regression, two-tailed, Parashorea 
malaanonan. This model only included data for this single species. Methods described in main 
text. Values are from post-hoc two-tailed Tukey tests, β ± SE above the diagonal (upper right), 
P-values below the diagonal (lower left). Significant pairwise comparisons are in bold; * P < .01; 
** P < .001. 
  Treatment 
 
 







1 – -0.64 ± 0.28 0.87 ± 0.31 1.67 ± 0.35 0.35 ± 0.30 0.99 ± 0.32 
2 .182 – 1.51 ± 0.31 2.31 ± 0.35 0.99 ± 0.29 1.63 ± 0.31 
3 .063 <.001** – 0.80 ± 0.37 -0.52 ± 0.32 0.12 ± 0.34 
4 <.001** <.001** .247 – -1.32 ± 0.36 -0.69 ± 0.37 
5 .839 .007* .590 .003* – 0.63 ± 0.33 
6 .024 <.001** .999 .435 .372 – 
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Table S7. Pairwise comparisons for seed survival logistic regression, two-tailed, Shorea 
leprosula. This model only included data for this single species. Methods described in main text. 
Values are from post-hoc two-tailed Tukey tests, β ± SE above the diagonal (upper right), P-
values below the diagonal (lower left). Significant pairwise comparisons are in bold; * P < .01; 
** P < .001. 
  Treatment 
 
 







1 – 0.40 ± 0.25 0.37 ± 0.25 0.50 ± 0.25 1.76 ± 0.30 0.74 ± 0.26 
2 .590 – -0.03 ± 0.25 0.10 ± 0.26 1.36 ± 0.31 0.34 ± 0.26 
3 .673 1.000 – 0.13 ± 0.26 1.39 ± 0.31 0.38 ± 0.26 
4 .346 .999 .996 – 1.26 ± 0.31 0.25 ± 0.26 
5 <.001** <.001** <.001** <.001** – -1.01 ± 0.31 
6 .044 .777 .702 .939 .015 – 
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Table S8. Pairwise comparisons for seed survival logistic regression, two-tailed, Shorea 
macrophylla. This model only included data for this single species. Methods described in main 
text. Values are from post-hoc two-tailed Tukey tests, β ± SE above the diagonal (upper right), 
P-values below the diagonal (lower left). Significant pairwise comparisons are in bold; * P < .01; 
** P < .001. 
  Treatment 
 
 







1 – 0.03 ± 0.26 0.10 ± 0.26 0.47 ± 0.25 0.20 ± 0.26 0.55 ± 0.25 
2 1.000 – 0.07 ± 0.26 0.43 ± 0.25 0.17 ± 0.26 0.52 ± 0.25 
3 .999 1.000 – 0.37 ± 0.25 0.10 ± 0.25 0.45 ± 0.25 
4 .425 .509 .679 – -0.27 ± 0.24 0.08 ± 0.23 
5 .972 .988 .999 .882 – 0.35 ± 0.24 




Figure S1: Proportions of seeds surviving under experimental treatments (indicated by different 
colors and shapes); error bars indicate mean values ± standard errors across treatments (N = 50 
for all species; N = 10 for individual species). Logistic regressions were performed to test the 
0.999 0.297 0.191 
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effect of treatment on seed survival. Then, post-hoc Tukey tests were used to adjust for multiple 
tests and identify significant pairwise comparisons. All statistical tests were two-tailed. Selected 
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Resource availability drives interactions among consumers. In masting forests, episodic pulses of 
resources can affect the entire consumer assemblage as long as key mast consumers do not coopt 
all of the fruit. These resource pulses may alter how species associate with one another, but co-
occurrence studies that consider only spatial or temporal co-occurrence are poor at detecting this. 
We developed an analytical approach to assess species associations at fine spatial and temporal 
scales simultaneously and applied these models to a seven-year dataset of terrestrial rainforest 
vertebrates in Borneo to determine how substantial variation in food availability across space and 
time affected co-occurrence. We detected many significant, mostly positive, associations among 
species, but almost entirely in unlogged forest and during dipterocarp mast years. The most 
strongly associating pair of species, bearded pig (Sus barbatus) and sambar (Rusa unicolor), only 
co-occurred in areas and years when fruit was locally abundant. Species occurrences in logged 
forest and non-mast years tended to be random with respect to other species. This suggests that 
frugivore-granivore species positively associated with each other when resources were plentiful 
(i.e., when large forest trees were present and fruiting), likely because they tracked the same 
pulses of ephemeral resources, but associations disappeared when resource levels were lower. 
Our results verify that the presence of a key mast consumer does not preclude other species from 
responding to mast resources. The analytical approach that we develop demonstrates the utility 
of measuring associations in both space and time and highlights the importance of resource 







Fruit and seeds are critical food resources for many consumers, but these resources are often 
patchy in space and ephemeral in time. A classic example of variability in resource availability 
comes from masting systems, where episodic fruit production can cause increases in consumer 
populations (Ostfeld et al. 1996), greater diet overlap among consumer species (Selva et al. 
2012), and cascading effects throughout the food web (Ostfeld and Keesing 2000, Kelly et al. 
2008). These studies of community-level mast responses, however, come from temperate 
systems where key resource consumers are absent. In eastern North America, for example, 
passenger pigeons (Ectopistes migratorius) once tracked masts on a huge spatial scale, 
consuming vast amounts of resources (Bucher and Power 1992, Ellsworth and McComb 2003). 
We may only observe widespread community mast responses today because there are no 
passenger pigeons left to monopolize mast resources (Blockstein 1998). 
 Spatiotemporal variability in resource availability is particularly acute in equatorial 
Southeast Asia, where forests are characterized by irregular, supra-annual mast-fruiting events 
(Sakai 2002). Trees in the dominant family Dipterocarpaceae, along with many others, 
synchronize fruit production across large spatial scales (Sakai 2002). Southeast Asian 
dipterocarp forests still retain abundant populations of a widespread, mobile, key mast consumer 
– bearded pigs (Sus barbatus) (Curran and Leighton 2000). Masting is a cue for reproduction in 
bearded pigs and their populations often explode following masting events (Caldecott et al. 1993, 
Hancock et al. 2005). Huge groups of pigs may move across the landscape tracking resource 
pulses (Caldecott et al. 1993) and devouring nearly all of the fruit in a given area (Curran and 
Leighton 2000). But while bearded pigs clearly respond behaviorally and demographically to 
mast availability, it remains unclear whether pigs prevent other species from exploiting these 
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resources, and even whether pigs and other frugivorous and granivorous species share the same 
resources (Granados et al. 2019). 
 Use of the same resources by multiple species manifests as patterns of co-occurrence, and 
many methods have been developed for assessing whether the presence of one species predicts 
the presence of another. Co-occurrence patterns of feral cats (Felis catus) and Tasmanian devils 
(Sarcophilus harrisii), for example, provided the first evidence that native Tasmanian devils 
suppress feral cats (Lazenby and Dickman 2013). Patterns of co-occurrence can be especially 
useful for elucidating drivers of community change over time (Holt 2020) or across 
environmental gradients (Bar-Massada and Belmaker 2017, Poggiato et al. 2021). Co-occurrence 
may be measured in space, for example by comparing presence-absence data across locations 
against a null model to evaluate whether species co-occurrence (Gotelli and Mccabe 2002, Veech 
2013) or co-abundance (Brodie et al. 2017) is greater or less than would be expected by chance. 
Co-occurrence can also be measured in time, for example by assessing overlap in daily activity 
patterns of species  (Ridout and Linkie 2009).  
 There have been several attempts to assess the spatial and temporal aspects of co-
occurrence together. Some studies have analyzed both spatial co-occurrence to assess whether 
species co-occur in the same places and temporal overlap in daily activity patterns to assess 
whether species are active at the same times (e.g., Ramesh et al. 2012, Dröge et al. 2017), but 
this does not address whether species co-occur at the same places at the same times. Other 
studies have compared spatial co-occurrence across different seasons, which can be useful when 
resource availability varies seasonally. For example, co-occurrence patterns suggest that in 
seasons when prey is scare, dingoes (Canis familiaris dingo) strongly suppress non-native 
mesopredator populations, but such effects are weaker when prey are abundant (Greenville et al. 
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2014). However, this approach still does not measure species associations at fine spatial and 
temporal scales. In contrast, by measuring the time differences between sightings of lions 
(Panthera leo) and cheetahs (Actinonyx jubatus) at camera traps, Swanson et al. (2016) found 
that, even though broad-scale temporal activity patterns and spatial distributions did not differ 
between the species, cheetahs were never detected within 12 hours of lions, suggesting strong 
behavioral avoidance at fine spatiotemporal scales. This example highlights how a fine-scale 
spatiotemporal approach can detect significant patterns that would not be detected by looking at 
either spatial or temporal co-occurrence alone. 
 Given the spatially variable and temporally ephemeral nature of fruit resources, fine-scale 
spatiotemporal analysis is necessary for determining how species associations change with 
resource availability. But the analytical tools to interpret spatiotemporal patterns from time-to-
event data (the time differences between one detection of one species and detection of another) 
are underdeveloped. One method has been to group sightings into bins, such as grouping all 
sightings of species A that occurred 0-12 hours after sightings of species B (Stewart et al. 2002, 
Swanson et al. 2016, Cusack et al. 2017). This approach, however, treats bins as independent, 
which they are not, and sets the division points between bins (and the widths of the bins) 
arbitrarily. Another method compares the median time that species A was detected after species 
B against a null expectation (Karanth et al. 2017, Lahkar et al. 2020), but using the median value 
alone does not incorporate the variance in time differences. 
 Here we develop a novel spatiotemporal co-occurrence method to assess species 
associations in high- and low-resource situations in a masting ecosystem. We studied a suite of 
vertebrate species in Malaysian Borneo where fruit resource availability is highly variable across 
years, due to mast fruiting cycles, and across space, where the removal of large trees in 
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selectively logged forests greatly reduces forest-wide fruit production. We developed a novel 
time-to-event model to analyze the temporal delay between detections of one species and 
subsequent observations of another, allowing us to measure how species associated with each 
other at fine spatial and temporal scales. Specifically, our objectives were to (1) assess whether 
spatiotemporal association patterns changed under different resource conditions, (2) determine 
whether these associations were consistent with broad sharing of resources, as predicted by 
studies in temperate masting ecosystems, versus coopting of the resources by key mast 
consumers, and (3) compare the inference generated from our novel spatiotemporal approach 
with that from more typical spatial-only and temporal-only co-occurrence analyses. 
 
Methods 
Study system and camera trapping 
We conducted our research at two sites in Sabah, Malaysian Borneo: (1) Danum Valley 
Conversation Area (DVCA; N 5.102°, E 117.688°), a lowland dipterocarp forest that has no 
history of logging (Marsh and Greer 1992), and (2) Malua Forest Reserve (MFR), 25 km north of 
Danum Valley. The two sites had similar tropical moist forest habitat but MFR was selectively 
logged in the 1980s and again in 2003-2007, with most of the large dipterocarp trees removed 
(Reynolds et al. 2011, Tuck et al. 2016). 
 Forests in this region are characterized by irregular, supra-annual mast fruiting patterns 
(Sakai 2002). Many taxa participate in mast-fruiting events, but members of Dipterocarpaceae 
adhere particularly strictly to mast-fruiting cycles, producing very little to no fruit between masts 
(Sakai 2002). Before we began our study, the most recent masting event in our system was in 
2010 (O’Brien et al. 2013, Kanamori et al. 2017). During the years of our study, which ran from 
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2013 to 2016 and 2018 to 2020, masts occurred in 2014, 2015, and 2019. There was no mast in 
2017, the year in which we did not collect data. 
 Fruit availability in this system is strongly determined by masting cycles and history of 
logging. Very little fruit is produced in non-mast years compared to mast years, making mast 
versus non-mast a useful proxy for resource availability (see Table 1). Selective logging in 
dipterocarp forests affects resource availability in several important ways. First, logging reduces 
fruit production by removing many of the large, reproductive adult trees (Curran et al. 1999). 
Second, selective logging of large dipterocarps can also reduce non-dipterocarp fruit availability, 
particularly for strangler figs (Ficus spp.) and lianas, many of which are critical food sources for 
rainforest vertebrates (Johns 1988, Lambert 1991, Heydon and Bulloh 1997, Hardus et al. 2012) 
(though fruit production may recover over time (Knop et al. 2004)). Third, logging can make 
fruit production more spatially homogeneous if the removal of large canopy trees leads to fruit 
being produced in smaller but more evenly distributed patches. 
 Of the many at least partly frugivorous and granivorous vertebrates in our system, the 
most significant consumer of dipterocarp mast may be the bearded pig (Sus barbatus). Bearded 
pigs are thought to track dipterocarp masts on large spatial scales and to have their reproduction 
and population dynamics entrained to masting cycles (Caldecott et al. 1993, Curran and Leighton 
2000, Hancock et al. 2005). Predation of dipterocarp seeds has also been documented by murid 
rodents, Bornean crested fireback pheasant (Lophura ignita), orangutan (Pongo pygmaeus), 
long-tailed macaque (Macaca fascicularis), and pig-tailed macaque (Macaca nemestrina) 
(Curran and Leighton 2000). Other vertebrate granivores and frugivores in our system include 
the sun bear (Helarctos malayanus), civets (Viverridae), great argus pheasant (Argusianus 
argus), sambar deer (Rusa unicolor), muntjac deer (Muntiacus atherodes and M. muntjac), 
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chevrotains (Tragulus napu and T. kanchil), and porcupines (Hystrix brachyura, H. crassispinis, 
and Trichys fasciculata) (Corlett 1998, 2017, Meijaard et al. 2005, Wong et al. 2005). 
We attached Reconyx HC500 cameras to trees in DVCA and MFR, with one camera per 
1 km grid cell (Granados et al. 2019) following the Tropical Ecology, Assessment and 
Monitoring (TEAM) protocol (Rovero and Ahumada 2017). Cameras were deployed from May 
through September of each year. Our total sampling effort varied across years, from 1,073 
camera days in 2016 to 3,997 camera days in 2015. There were 22 camera stations in DVCA 
(unlogged study area) and 20 stations in MFR (logged). 
 
Spatiotemporal co-occurrence analysis 
We developed an extension of time-to-event models to analyze the time delay between 
detections of any two species at the same camera station. We grouped detections of each species 
into independent “events”. If the time between two detections of same species at the same 
camera was less than one hour (Tobler et al. 2008, Brodie and Giordano 2013, Granados et al. 
2019), we considered these detections part of the same event. We identified the period of time 
that each camera was continuously active; “periods” ended when cameras either malfunctioned 
or were retrieved at the end of the field season. Because we replaced malfunctioning cameras, 
some camera locations had multiple periods within a single year. In 2019, a great argus 
established a display site in front of one of our cameras resulting in thousands of photos of that 
individual, so we removed these periods from analyses that included this species. 
 To identify spatiotemporal co-occurrence patterns, we designated an “inducer” species 
and a “responder” species. We analyzed each given pair of species twice, once with one the 
inducer and the other the responder and then vice versa. We analyzed patterns of responder 
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detections subsequent to inducer detections, but did not assume that the two species were directly 
interacting (e.g., via interference competition or behaviors generating facilitation). For example, 
spatiotemporal associations between species could be positive due to use of the same ephemeral 
resources. For each instance that the responder was detected after an inducer in the same period, 
we calculated the time difference between the end of the most recent inducer event and the 
beginning of the responder event. A single inducer event could be followed by multiple 
responder events. The list of these time differences was our “observed” dataset.  
 To calculate the null distribution of detections that we would expect if there was no 
pattern between responder and inducer, we calculated the durations of time between all 
sequential inducer events—i.e., all of the times when it would have been possible to detect the 
responder. We then randomly selected times within those durations to simulate 50,000 responder 
detections. For each simulated responder detection, we calculated the time difference between 
the end of the most recent inducer event and the simulated detection. This list of these time 
differences was our “expected” dataset. 
 We fit truncated Weibull distributions (Fig. 1) to the observed and expected data. The 
Weibull distribution is determined by two parameters: the scale parameter λ and the shape 
parameter k. When k = 1, the Weibull distribution is equivalent to an exponential distribution. If 
inducer and responder detections were both randomly distributed, responder detections as a 
function of time-since-inducer would fit an exponential distribution. The value of k identifies 
deviations in shape from the exponential distribution. If k < 1, more detections appeared early 
before leveling off. In this case, the responder would be positively associating with the inducer, 
often appearing soon after the inducer was detected. If k > 1, few detections appeared initially, 
but detections increased later before declining again. In this case, the responder would be 
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negatively associated with the inducer, appearing less often soon after the inducer was detected, 
then appearing more frequently after time had passed, and finally approximating the exponential 
detection curve after the effect of the inducer had worn off. Our null model assumes that 
responder detections are random with respect to the inducer, but the distribution of inducer 
detections determines the shape of the Weibull distribution. Thus, the value of k for the expected 
curve may differ from 1 if inducer detections are not randomly distributed throughout time. For 
example, a social species may lead to more short time differences between detections. Therefore, 
we compared the k values of observed curves to the k values of the expected curves rather than to 
1. To detect association patterns on a biologically-relevant timescale, we truncated our data to 14 
days since, based on fruiting periods, fruit availability will have changed considerably after two 
weeks. We assume that after 14 days it would be so long since the inducer had been present that 
the exact time since the inducer had been at the site would not affect responder presence. By 
using a truncated curve, we fit a continuous Weibull distribution but only based on datapoints 
with a time difference <14 days. 
 We compared the truncated Weibull curves of our observed and expected data to test 
whether the responder showed significant association patterns in response to the inducer. We 
considered associations to be significant if two criteria were met. First, the observed and 
expected curves had to be significantly different based on a likelihood ratio test. Bonferroni 
corrections are not suitable for spatial co-occurrence data because they are often too conservative 
and assume that tests are independent (Gotelli and Ulrich 2010), so instead to control for 
multiple tests we used the Benjamini and Yekutieli (2001) false discovery rate method using the 
false discover rate at level α = 0.05. Sample size does not affect the true shape of the observed 
curve, but a smaller sample size does increase the uncertainty around the parameter estimates 
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used to fit the curve, meaning that an observed curve with a small sample size is less likely to be 
detected as significantly different than the expected curve. Second, the absolute value of the 
percent change in k between the expected and observed curves (|∆k|) had to be >5% for the 
difference to be considered biologically meaningful. In summary, if the observed and expected 
curves were statistically significantly different and the effect size was large enough, we 
considered the association pattern between the responder and inducer to be distinct from the null 
model. 
 We conducted pairwise tests among the nine most common medium- and large-bodied (> 
1 kg) species: chevrotain (Tragulus spp.), bearded pig, yellow muntjac (Muntiacus atherodes), 
pig-tailed macaque, sambar, crested fireback pheasant, great argus, Malay civet (Viverra 
tangalunga), and banded civet (Hemigalus derbyanus). We chose these nine because all pairwise 
comparisons among them had sufficient sample size for analysis; that is, regardless of which 
species were designated inducer and responder, there were at least 50 independent observations 
of the responder detected within 14 days of the inducer. Other species were too rare for us to 
consider all pairwise comparisons among them. Also, fruit makes up a significant portion of the 
diet for all nine species except for banded civet (Table 2). For each inducer-responder pair, we 
simulated an expected dataset, fit truncated Weibull curves to the observed and expected 
datasets, and compared the observed and expected curves, calculating a P-value and ∆k. We 
tested all pairwise combinations, including switching inducer and responder roles among species. 
 In order to assess the role of resources in driving species associations, we repeated our 
pairwise analyses on subsets of the overall dataset. Specifically, we analyzed mast years only, 
non-mast years only, unlogged forest only (DVCA), and logged forest only (MFR). For most 
species we did not have large enough sample sizes to explore factorial combinations of 
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mast/non-mast and unlogged/logged. For bearded pigs and sambar, however, which showed the 
strongest and most consistent associations, we did analyze mast years in unlogged forest, non-
mast years in unlogged forest, mast years in logged forest, and non-mast years in logged forest. 
 
Assessment of co-occurrence in response to measured fruit availability 
In 2014-2015 and 2018-2020 we conducted ground surveys to quantify the amount of fruit 
available at each camera station. We visited cameras every 2-3 weeks and searched for fruit in a 
2 m radius circle around the camera, as well as in three additional 2 m radius circles located 20 m 
in different directions from the camera (Granados et al. 2019). Fruit traps suspended from 
branches, with PVC frames and plastic mesh, were also set up in 2013-2015 (Granados et al. 
2019). Fruit collected was brought to the nearby field station to be identified by an experienced 
botanist, dried, and weighed. We did not conduct fruit surveys or camera trapping in 2017, but 
other researchers in the region observed that this was not a mast year. From the ground surveys, 
we calculated the total fruit biomass available per unit area.  
To investigate the role of fruit resources on species co-occurrence, we first used logistic 
regression to determine whether fruit availability predicted the likelihood of detecting a given 
species. Our response variable was whether or not a species was detected on a given day at a 
given camera station (binary). For each of our nine species, we compared eight models and 
selected the model with the lowest AIC: (1) total fruit (percentile rank), (2) dipterocarp fruit 
(percentile rank), (3) non-dipterocarp fruit (percentile rank), (4) forest type (binary: logged or 
unlogged), (5) total fruit × forest type, (6) dipterocarp fruit × forest type, (7) non-dipterocarp 
fruit × forest type, and (8) intercept-only. Because of the extremely low fruit availability in non-
mast years, we only included data from the three mast years. Because the distribution of fruit had 
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a very long tail and many zero values, we used the percentile rank of fruit biomass (g m-2) for our 
fruit covariates, based on the fruit biomass calculated for all surveys in the three mast years. For 
each day at each camera station, if the day fell within seven days before or after a fruit survey, 
we assigned the values from that survey as fruit data for that day. If a day at a given station was 
more than seven days before or after a fruit survey, we did not include this day in our analysis. 
 We then used logistic regression to investigate co-occurrence between sambar and 
bearded pigs. For sambar, we took the model with the lowest AIC for that species and added 
bearded pig as a binary covariate (whether or not pigs were detected at that camera on the same 
day) as well as an interaction between bearded pig and whichever fruit variable was included in 
the model. Likewise, for bearded pigs, we took the pig model with the lowest AIC and added 
sambar (binary) and an interaction between sambar and whichever fruit variable. This analysis 
allowed us to determine whether detection of sambar or pigs predicted detection of the other, and 
whether these patterns of association differed according to resource availability.  
 
Comparison with spatial and temporal co-occurrence analyses 
We assessed how the inference generated from our spatiotemporal model compared to that 
generated by a more typical, spatial-only model. Specifically, we analyzed our camera trap 
dataset with a probabilistic pairwise method of measuring spatial co-occurrence (Veech 2013), 
using the cooccur package version 1.3 (Griffith et al. 2016) in R version 3.5.1 (R Core Team 
2018) with the same nine species as in our spatiotemporal analysis. Our sampling unit was each 
camera station in each year. To control for multiple tests, we used the Benjamini–Yekutieli 
procedure with the false discover rate at level α = 0.05. 
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 We also analyzed our data using a temporal-only overlap method. Specifically, we used 
the overlap package version 0.3.2 (Ridout and Linkie 2009) in R to estimate the coefficient of 
overlap (∆) for sambar and bearded pigs, generating 10,000 bootstrapping iterations to calculate 
95% confidence intervals. We chose this pair of species because they had the strongest and most 
consistent association patterns in our spatiotemporal analysis. Values for ∆ range from 0 
(complete temporal segregation) to 1 (complete temporal overlap). We estimated ∆ for sambar 




Fruit resources were far more abundant in mast years than in non-mast years, and no dipterocarp 
fruit was produced in non-mast years (Table 1). Fruit availability was higher in unlogged forest 
than in logged forest for both mast years (2.72 ± 0.41 g m-2 vs. 1.22 ± 0.19 g m-2, respectively) 
and non-mast years (0.04 ± 0.02 g m-2 vs. 0.01 ± <0.01 g m-2, respectively; Table 1). Total fruit 
resources and non-dipterocarp fruit resources were less evenly distributed in unlogged forest than 
in logged forest (Table 1). 
 Using our spatiotemporal model, we found 15 significant interspecific associations in 
mast years and 16 in unlogged forest, with 4 in non-mast years and 1 in logged forest (Fig. 2). In 
all cases, positive associations were far more common than negative. Malay civets appeared to 
strongly avoid pig-tailed macaques in mast years (P = 0.0002, ∆k = 44.0%, Fig. 2), but the 
standard error for observed k was high (kobs = 1.41 ± 0.16), indicating that the observed curve did 
not fit the data well. Banded civet, the only species of the nine not known to be frugivorous 
(Table 2), was the only species to show no significant associations with other species. 
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 Sambar and bearded pigs stood out for their strong, consistent, and bidirectional 
associations. Sambar and pigs positively associated in mast years in unlogged forest (sambar 
after pigs, P <0.0001, ∆k = -35.0%; pigs after sambar, P <0.0001, ∆k = -26.1%; Fig. 3). Sambar 
and pigs also positively associated in non-mast years in unlogged forest, but the associations 
were not as strong as in mast years (sambar after pigs, P = 0.0003, ∆k = -28.3%; pigs after 
sambar, P = 0.0025, ∆k = -18.7%; Fig. 3). In logged forest, sambar weakly negatively associated 
with pigs in mast years (P = 0.0008, ∆k = 6.5%), but otherwise sambar and pigs did not associate 
with each other (Supplementary Material, Fig. S1). 
 Total fruit biomass predicted bearded pig detections (logistic regression: β = 0.81 ± 
0.010, P < 0.001), and non-dipterocarp fruit biomass predicted sambar detections (β = 0.88 ± 
0.32, P = 0.005; Supplementary Material, Table S1). Detections of bearded pigs predicted 
detections of sambar, but only when non-dipterocarp fruit availability was high (bearded pig × 
non-dipterocarp fruit: β = 1.55 ± 0.53, P = 0.004; Fig. 4). Detections of sambar predicted 
detections of bearded pigs but only when total fruit availability was high (sambar × total fruit: β 
= 1.44 ± 0.65, P = 0.027; Fig. 4). 
The spatial and temporal pairwise co-occurrence analyses showed very different 
association patterns than our spatiotemporal approach. The spatial-only model included several 
significant associations with banded civet (Fig. 5), which had no associations in any versions of 
the spatiotemporal analysis (Fig. 2), and showed a significant association between sambar and 
bearded pigs (Fig. 5, P = 0.00055), which emerged strongly in our spatiotemporal model. 
Sambar and bearded pigs showed relatively high temporal overlap (  = 0.61; 95% CI: 0.57–
0.65), though sambar tended to be more nocturnal and bearded pigs more diurnal 
(Supplementary Material, Fig. S2). Temporal overlap was slightly higher in mast years (  = 
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0.65) than in non-mast years (  = 0.52) but did not differ between logged (  = 0.62) and 
unlogged forest (  = 0.60; Supplementary Material, Fig. S2). 
 
Discussion 
Resource availability strongly influences animal behavior and species interactions, in turn 
affecting patterns of species co-occurrence. But assessing the spatial and temporal aspects of co-
occurrence separately is problematic for studying systems where resources are fluctuating and 
ephemeral. Using a novel spatiotemporal approach, we found that species associations were 
strongly influenced by resource availability, measured both directly using fruit counts and 
indirectly using masting and logging as proxies. We detected many more species associations in 
mast years and in unlogged forest, where fruit was locally abundant, than in non-mast years and 
logged forest, where fruit was much less abundant. These differences are robust given the large 
effect sizes and relatively small differences in sample sizes among forest types and years 
(Supplementary Material, Table S3). The positive associations suggest that frugivore-granivore 
species are sharing ephemeral resources when such resources are abundant. That is, the species 
are visiting the same places at the same times because they are feeding on the same plant fruits 
and seeds, though they may or may not be actively following each other (i.e., our results should 
not be taken as indicative of interactions such as competition or facilitation). Indeed, sambar and 
bearded pigs only positively associated with each other when local fruit biomass was high, so 
either the species only follow each other when there is sufficient fruit or they are independently 
attracted to the same resources. 
 The increased number of species associations that we observed in mast years may reflect 
greater diet overlap due to decreased interspecific competition, as observed in other studies. Deer 
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mice (Peromyscus maniculatus) in Mexico, for example, shifted their diets following El Niño-
driven resource pulses and were able to coexist with pocket mice (Chaetodipus rudinoris), but as 
resources declined the pocket mice excluded the deer mice (Stapp and Polis 2003). In our study, 
although we did not have detailed diet information for the vertebrate species, the positive 
associations suggest that species may have shifted their diets to consume the same mast 
resources while such resource sharing may not have been possible when resources were less 
abundant. Bearded pigs are known to have strong behavioral and demographic responses to mast 
fruiting (Curran and Leighton 2000, Wong et al. 2005, Granados et al. 2019), but there has been 
little evidence of such responses in other terrestrial vertebrates. Our results suggest that the 
effects of masting may indeed ripple throughout the community, influencing multiple vertebrate 
species such as sambar, yellow muntjac, and fireback pheasant, which all positively associated 
with bearded pigs in mast years. 
 The lower number of species associations that we observed in logged forest are also 
consistent with differences in the abundance and distribution of resources. There are, of course, 
numerous biotic and abiotic differences between logged and unlogged tropical rainforest. But we 
note that the logged forest in our study, with large dipterocarp trees selectively removed, had 
much lower fruit abundance than the unlogged forest in mast years, and even in non-mast years 
fruit was less abundant and more evenly distributed spatially. Meanwhile, with the exception of 
great argus and possibly yellow muntjac, the relative abundance of the animal species studied 
here does not differ strongly between our logged and unlogged sites (Granados et al. 2016, 2019; 
Supplementary Material, Table S3). When resource patches occur in at high density, consumers 
can partition their use of patches; but when patches occur at low density, consumers are more 
likely to aggregate at the same resources (Symington 1988). In social primates, for example, 
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individuals may form larger groups when resources are patchy but split off into smaller groups 
when resources are more evenly distributed so as to reduce intraspecific competition (Saj and 
Sicotte 2007, Vasudev et al. 2008). The lack of large, clumped resource patches in the logged 
forest could explain why we did not see species associating at the same locations at the same 
times. 
 Our results suggest that accounting for both space and time in the assessment of co-
occurrence is crucial. The positive associations that we found in our spatiotemporal analysis 
were not detected or were much weaker in the spatial-only and temporal-only analyses. The 
spatial-only analysis also detected many significant associations with the non-frugivorous 
banded civet, likely due to shared habitat preferences, but our spatiotemporal analysis found no 
such associations. In a system like ours where most species are widespread throughout the study 
area, a spatial-only approach is not particularly useful. Our spatiotemporal approach, though, 
provides a fine-scale analysis of not just whether species occurred in the same location, but 
whether they occurred in the same location at the same time (or shortly thereafter). This allowed 
us to disentangle broad-scale habitat preferences from behavioral responses to either another 
species or to a shared ephemeral resource. Thus, differences in association patterns between 
logged and unlogged forest were not due to different responses to logging among species, but 
instead by the influence of fine-scale resource availability. One disadvantage of our 
spatiotemporal model is that it does not have the statistical power to detect associations involving 
rare species. This is an issue, however, with any such analysis; moreover, by definition, 
uncommon species should only rarely associate with others anyway. One considerable advantage 
of our spatiotemporal model is that it allows for asymmetrical associations, whereby the 
association of one species to another is different than the reciprocal association. This approach 
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may be particularly useful in studies of carnivore co-existence, where sympatric species often co-
exist in dominant-subordinate hierarchies (Elbroch and Kusler 2018). Our analysis could detect 
patterns where the subordinate species avoids a dominant one (negative association) but the 
dominant does not respond to the subordinate (no association) (e.g., Swanson et al. 2016, 
Karanth et al. 2017). Our time-to-event model could also be used to study the arrival of 
frugivores at fruiting trees. When fruits become available on a tree, multiple species converge to 
consume the resources, and these species may facilitate one other by making resources accessible 
to other species or by advertising the resource location (Olupot et al. 1998, Prasad and Sukumar 
2010). If resource availability were known, our spatiotemporal analysis could determine whether 
frugivorous species converge on shared resources (bidirectional positive associations), whether 
some species trail behind other species (unidirectional positive associations), or whether 
frugivorous species track resources independent of other consumer species (no associations). 
 The spatiotemporal analysis used here reveals how community co-occurrence patterns 
change because of resource levels, even in systems with key mast consumers. Despite the strong 
role that bearded pigs play as mast consumers, they did not preclude other consumers from 
responding to mast resources. Therefore, the community-wide repercussions of tree mast 
observed in some temperate systems (e.g., Ostfeld and Keesing 2000) may indeed have occurred 
even before the loss of key mast consuming species there. 
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Tables and Figures 
 
Table 1: Distribution of fruit resources in Danum Valley Conservation Area (DVCA; unlogged) 
and Malua Forest Reserve (MFR; logged). These data are calculated from ground surveys 
conducted 2014-2015 and 2018-2020. Overall fruit production was higher and more variable in 
the unlogged forest. 
 Mast years 











Total fruit     
Mean ± SE (g m-2) 2.72 ± 0.41 1.22 ± 0.19 0.04 ± 0.02 0.01 ± <0.01 
Median (g m2) 0.24 0.14 0 0 
CV 3.22 2.97 8.45 4.18 
Dipterocarp fruit     
Mean ± SE (g m-2) 1.65 ± 0.30 0.35 ± 0.11 0 ± 0 0 ± 0 
Median (g m-2) 0.03 0.00 0 0 
CV 3.92 5.69 NA NA 
Non-dipterocarp fruit     
Mean ± SE (g m-2) 1.07 ± 0.22 0.87 ± 0.16 0.04 ± 0.02 0.01 ± <0.01 
Median (g m-2) 0.06 0.07 0 0 
CV 4.40 3.43 8.45 4.18 
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(Meijaard et al. 2005) 
Specific diet 
(Meijaard et al. 2005) 
Bearded 
pig 
Sus barbatus Omnivorous Fagaceae and Dipterocarpaceae seeds 
especially important; also roots, fungi, 
invertebrates, small vertebrates, and 
carrion 
Chevrotain Tragulus spp. 
(T. napu & T. 
kanchil) 
Mainly frugivorous Frugivorous (T. napu & T. kanchil); 






Mainly frugivorous Generalist frugivore/browser; reliant on 
fallen fruit; consumes wide variety of 
fruits including dipterocarp seeds 
Sambar Rusa unicolor Herbivorous Grasses, herbs, shrubs, young leaves, 







Selectively feeds on large arthropods, 





Frugivorous 74-88% fruit; remaining diet of leaves, 










No firm information; gut contents of 






Omnivorous Primarily consumes vertebrates and 
invertebrates, followed by fruit; 





Carnivorous >95% animal matter; Primarily 
consumes invertebrates, remaining diet 




Figure 1: Example of Weibull distributions truncated at time t. When observations of both 
responder and inducer species are randomly distributed, k = 1 (negative exponential distribution). 
When k < 1, the responder is observed sooner after the inducer than would be expected by 
chance (positive association). When k > 1, the responder is observed immediately after the 






Figure 2: Species associations significant following the Benjamini–Yekutieli procedure and |Δk| 
> 5%. Arrows point from responder to inducer species. Solid and dashed arrows show positive 
(co-occurrence; negative Δk) and negative (avoidance; positive Δk) associations, respectively. 
Line thickness represents magnitude of Δk; color represents standard error of estimate for 
observed k. Argus pheasant is greyed out in the logged forest panel because it was very rare in 




Figure 3: Associations between sambar deer and bearded pigs, all of which are significant using 
the Benjamini–Yekutieli procedure with the false discover rate at level α = 0.05. Dotted and solid 
lines show expected curves and observed curves, respectively. The species associated positively 





Figure 4: Logistic regression showing responses of sambar and bearded pigs to fruit availability 
when the other species was or was not also detected on that day. Fruit variables are the percentile 
rank of total or non-dipterocarp fruit biomass, calculated from all fruit surveys conducted in the 
three mast years. Daily probability of detection is the probability that the species was detected on 
any given day at any given camera station. The shaded bands show standard errors. Detections of 
bearded pigs and sambar predicted detections of the other species, but only when fruit abundance 
was high (bearded pig × non-dipterocarp fruit: β = 1.55 ± 0.53, P = 0.004; sambar × total fruit: β 




Figure 5: Community co-occurrence patterns based on (A) spatiotemporal associations, 
following the methods described in the main text, with all cameras from all years, and (B) spatial 
associations only, following the methods of Veech (2013), with each camera in each year a 
separate sampling unit. Only statistically significant associations are shown, using the 





Table S1: Results of logistic regressions assessing daily detection probabilities for the nine focal 
species. Models with the lowest AIC values and models with ΔAIC < 2 are shown for each 
species. Fruit variables are the percent rank of fruit biomass (g m-2) for each category: all fruit 
(“total”), dipterocarp fruit (“dipt”), or non-dipterocarp fruit (“non-dipt”). “Forest” is a binary 
variable indicating whether the site had been logged (1) or not (0). Significant P-values are in 
bold; * P < 0.01, ** P < 0.001. 
Species Model ΔAIC Model coefficient β SE       P 
Bearded pig Total 0 Total 0.81 0.10 <0.001** 
 
Total × Forest [logged] 1.74 Total 0.92 0.14 <0.001** 
   Forest [logged] 0.11 0.13 0.400 
   Total × Forest [logged] -0.28 0.21 0.181 
Chevrotain Non-dipt × Forest [logged] 0 Non-dipt 0.49 0.12 <0.001** 
   Forest [logged] -0.02 0.12 0.866 
   Non-dipt × Forest [logged] -0.79 0.21 <0.001** 
Yellow 
muntjac 
Dipt 0 Dipt 0.62 0.13 <0.001** 
Sambar Non-dipt × Forest [logged] 0 Non-dipt 0.88 0.32 0.005* 
   Forest [logged] 0.92 0.27 <0.001** 
   Non-dipt × Forest [logged] -1.24 0.45 0.006* 
Argus 
pheasant 
Total × Forest [logged] 0 Total 0.43 0.28 0.128 
  Forest [logged] -3.02 0.68 <0.001** 
   Total × Forest [logged] 1.61 1.02 0.116 
 Non-dipt × Forest [logged] 1.10 Non-dipt 0.50 0.26 0.058 
   Forest [logged] -2.70 0.67 <0.001** 
   Non-dipt × Forest [logged] 0.90 1.00 0.371 
Pig-tailed 
macaque 
Total × Forest [logged] 0 Total -0.88 0.28 0.002* 
  Forest [logged] -0.83 0.26 0.001* 
   Total × Forest [logged] 1.12 0.47 0.016 
 Non-dipt × Forest [logged] 0.82 Non-dipt -0.74 0.26 0.004* 
   Forest [logged] -0.82 0.26 0.001* 
   Non-dipt × Forest [logged] 1.15 0.45 0.010 
Fireback 
pheasant 
Dipt × Forest [logged] 0 Dipt -0.27 0.21 0.189 
  Forest [logged] -0.46 0.18 0.008* 
  Dipt × Forest [logged] 1.11 0.32 <0.001** 
 Total 0.84 Total 0.62 0.21 0.003* 
 All × Forest [logged] 1.88 Total 0.31 0.27 0.257 
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   Forest [logged] -0.42 0.26 0.105 
   Total × Forest [logged] 0.72 0.42 0.090 
Malay civet Dipt 0 Dipt 0.29 0.18 0.110 
 [Intercept-only] 0.56 NA NA NA     NA 
 Total × Forest [logged] 0.97 Total 0.62 0.32 0.052 
   Forest [logged] 0.48 0.28 0.086 
   Total × Forest [logged] -1.09 0.49 0.028 
 Non-dipt × Forest [logged] 1.13 Non-dipt 0.23 0.29 0.419 
   Forest [logged] 0.40 0.25 0.115 
   Non-dipt × Forest [logged] -0.99 0.46 0.030 
 Total 1.99 Total 0.18 0.24 0.450 
Banded civet Dipt × Forest [logged] 0 Dipt 0.04 0.28 0.897 
   Forest [logged] -0.01 0.22 0.975 
   Dipt × Forest [logged] 0.85 0.39 0.030 
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Table S2: Logistic regression for daily detection probabilities of sambar and bearded pigs based 
on detection of the other species on the same day. Fruit variables are the percent rank of fruit 
biomass (g m-2) for all fruit (“total”) or non-dipterocarp (“non-dipt”) fruit. “Forest” indicates the 
detection probabilities in logged versus unlogged forest. Significant P-values are in bold; * P < 
0.01, ** P < 0.001. 
Species Model coefficient β SE       P 
Sambar Non-dipt 0.39 0.35 0.253 
 
Forest [logged] 0.90 0.26 <0.001** 
 Bearded pig -0.05 0.35 0.892 
 Non-dipt × Forest [logged] -1.16 0.44 0.009* 
 Non-dipt × Bearded pig 1.55 0.53 0.004* 
Bearded pig Total 0.88 0.14 <0.001** 
 Forest [logged] 0.10 0.13 0.429 
 Sambar 0.01 0.41 0.987 
 Total × Forest [logged] -0.28 0.21 0.191 
 Total × Sambar 1.44 0.65 0.027 
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Table S3: Number of independent “events” (sightings >1 hour apart) for each of the nine species 
included in the study. For argus pheasant, numbers indicated with (*) do not include periods 
from 2019 when a male great argus was displaying. The percent differences (% Diff.) show the 
difference in the number of non-mast years events compared to mast year events and the 














Bearded pig 2450 2054 396 -81 1408 1042 -26 
Chevrotain 3019 1661 1358 -18 1865 1154 -38 
Yellow muntjac 881 526 355 -33 642 239 -63 
Sambar 579 298 281 -6 261 318 22 
Argus pheasant 422* 209* 213 2 374* 48 -87 
Pig-tailed macaque 624 284 340 20 358 266 -26 
Fireback pheasant 612 363 249 -31 359 253 -30 
Malay civet 413 251 162 -35 217 196 -10 






Figure S1: Associations between sambar deer and bearded pigs. Significant P-values (based on 
the Benjamini–Yekutieli procedure with the false discover rate at level α = 0.05) are indicated by 






Figure S2: Temporal overlap (∆) between sambar and bearded pigs, based on assessments of 
diel activity; ∆ ranges from 0 (complete segregation) to 1 (complete overlap). 
 
 
 
